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1 Executive Summary 1 

I. This draft Detailed Review Paper (DRP) was requested by OECD in 2008 and 2 

has been prepared by Germany and the United Kingdom. It is the result of 3 

collaborative efforts between scientists from the two countries, but has benefited 4 

from the advice of a much wider range of experts. 5 

II. The purpose of the DRP is to review what is known about the responses of 6 

molluscs to endocrine disrupting chemicals (EDCs), to consider whether it would 7 

be desirable and feasible to standardise mollusc-based partial- and full-lifecycle 8 

tests that are sensitive to EDCs and to other chemicals, and if so, to recommend 9 

suitable methods for optimisation and validation. 10 

III.  The review concludes that there is a need for mollusc-based lifecycle tests, 11 

primarily because the only invertebrate tests of this type that are currently being 12 

internationally standardised use arthropods alone, yet mollusc species are 13 

ecologically and economically important, and are known to be uniquely sensitive 14 

to a number of EDCs and other substances. No other invertebrate phylum offers 15 

similar opportunities at the present time. 16 

IV. Although there are some similarities between the endocrine systems of 17 

vertebrates and molluscs, the lack of knowledge about how EDCs act in molluscs 18 

currently prevents the use of mollusc-based tests as surrogates for tests with 19 

aquatic vertebrates such as fish. 20 

V. Given our relatively poor understanding of molluscan endocrinology, it is not 21 

currently possible to recommend the development of mollusc-based screening 22 

tests for the identification of EDCs. On the other hand, we are now in a position 23 

to start standardising apical mollusc tests involving partial or full lifecycle 24 

exposures. In principle, these are expected to be responsive to any chemicals 25 

(EDCs or non-EDCs) with activity in molluscs, even though they may not 26 

provide diagnostic information on modes of action (MoA). 27 

VI. The review recommends three apical test procedures for optimisation and 28 

possible validation. The first is a partial life cycle (PLC) test with the freshwater 29 

gastropod Potamopyrgus antipodarum, the second is a full life cycle (FLC) test 30 

with the freshwater pulmonate Lymnaea stagnalis, and the third is an FLC test 31 

with the marine bivalve Crassostrea gigas. 32 

VII.  There is more experience with using P. antipodarum for testing EDCs than the 33 

other two species, and it is recommended that optimisation and validation of the 34 

standard operating procedure (SOP) for this PLC test could begin immediately. A 35 

particular issue for optimisation concerns the influence of temperature on the 36 

fecundity endpoint, while the focus of validation should be an investigation of the 37 

inter-laboratory reproducibility of the test. 38 
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VIII.  The two FLC procedures with L. stagnalis and C. gigas require more detailed 1 

optimisation before decisions can be made about possible validation. Mollusc 2 

reproduction is very sensitive to a wide range of environmental variables, and the 3 

relative influence of these factors on the response of these species to EDCs needs 4 

to be more firmly established. 5 

IX. The review makes a number of recommendations about data gaps and research 6 

needs. 7 

8 
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2 Introduction  1 

2.1 Background 2 

Since the late 1980s, there has been increasing concern about the discovery that some 3 

natural and synthetic substances in the environment are able to interfere with the 4 

normal operation of endocrine systems (e.g. Miyamoto and Burger, 2003). These so-5 

called endocrine disrupting chemicals (EDCs) are able to act as hormones (some are, 6 

in fact, natural hormones while others mimic hormone action), or block the action of 7 

hormones, or interfere with normal hormone transport, metabolism and excretion 8 

(Van der Kraak et al., 1998). A wide range of impacts on the natural environment has 9 

been documented for EDCs, including effects on development, growth and/or 10 

reproduction of all major vertebrate groups and some invertebrate phyla (see 11 

Matthiessen, 2003 for an overview). Endocrine disrupting effects in humans have 12 

been recorded as a consequence of exposure to certain therapeutic agents, and 13 

although it remains to be firmly established that EDCs in the environment are also 14 

causing such effects, there is circumstantial evidence for this contention (e.g. Sharpe 15 

and Skakkebaek, 2003). 16 

It has become apparent that existing OECD Guidelines for the Testing of Chemicals, 17 

and other internationally standardised toxicity testing procedures, are not generally of 18 

sufficient sensitivity to EDCs for use in environmental hazard and risk assessment. 19 

This is because they tend not to expose organisms for parts of their life cycle that are 20 

particularly responsive to EDCs (e.g. sexual development; reproduction), or because 21 

the endpoints measured (e.g. mortality; short-term development of early life stages) 22 

are relatively insensitive to EDCs. This lack of standardised tests for EDCs is 23 

becoming a serious problem because several regulations (including the European 24 

Unionôs REACH legislation [CEC, 2007], and the United States Environmental 25 

Protection Agencyôs Endocrine Disruptor Screening Programme set up under the 26 

Federal Food, Drug and Cosmetic Act) now require, or shortly will require, 27 

consideration of the potential endocrine disrupting properties of chemicals. Under 28 

some circumstances, other chemicals regulations (e.g. the European Union Directive 29 

on Plant Protection Products [Dir 91/414/EEC and its replacement] and the EU 30 

procedure for authorisation of medicinal products for human and veterinary use [EU 31 

Regulation EC 726/2004]) may also require long-term toxicity data on molluscs, 32 

although not specifically in relation to endocrine disruption. 33 

Following the publication by OECD of a draft Detailed Review Paper (DRP) on sex-34 

hormone disrupting chemicals (OECD, 2001), the OECD Endocrine Disrupter Testing 35 

and Assessment (EDTA) task force has therefore been encouraging the development 36 

and validation of new toxicity testing guidelines for potential endocrine disrupters, in 37 

line with its Conceptual Framework for the Testing and Assessment of Endocrine 38 

Disrupting Chemicals (Gourmelon and Ahtiainen, 2007; OECD, 2004a). In general 39 
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terms, Level 3 of the Conceptual Framework calls for the development of in vivo 1 

assays to provide data on single endocrine mechanisms and effects, Level 4 calls for 2 

in vivo assays sensitive to multiple endocrine mechanisms and effects, and Level 5 3 

requires apical in vivo tests sensitive to both endocrine and non-endocrine 4 

mechanisms. 5 

By approximately 2009-2010, validated OECD Guidelines on EDC-sensitive toxicity 6 

tests are expected to have been agreed for rodents, amphibians, fish, and crustaceans 7 

(copepods and mysids). These will include relatively short Level 3 screens for the 8 

identification of EDCs (e.g. the 3 week fish screening test, and the uterotrophic and 9 

Hershberger rodent screens), at least one Level 4 developmental test (e.g. the 10 

amphibian metamorphosis test), and various Level 5 tests suitable for use in risk 11 

assessment, such as partial life cycle tests (e.g. the fish sexual development test), full 12 

life cycle tests (e.g. the copepod life cycle test with Amphiascus tenuiramis), and 13 

possibly some full life cycle or multiple-generation tests with fish and mysids (ï see 14 

http://www.oecd.org/document/62/0,3343,en_2649_34377_2348606_1_1_1_1,00.htm15 

l). An outline description of the work on fish tests is given by Hutchinson et al. 16 

(2003), and that on invertebrates is described by Gourmelon and Ahtiainen (2007). 17 

Detailed information can be found in the reports of the OECD Validation 18 

Management Group for Ecotoxicity Tests (VMG-eco). 19 

If used in an integrated fashion, this test battery should be sensitive to a wide range of 20 

EDCs and non-EDCs, including inter alia (anti)estrogens, (anti)androgens, aromatase 21 

inhibitors, juvenile hormone mimics, and ecdysone agonists and antagonists. 22 

However, although the vertebrates are well-represented in the battery, the only 23 

invertebrate representatives to date are the crustaceans. In addition, the OECD 24 

Invertebrate Expert Group is beginning to investigate the design and validation of a 25 

life-cycle test with the aquatic insect Chironomus riparius, but the arthropods remain 26 

the only invertebrate phylum currently involved in further guideline development. 27 

The importance of this gap in the available suite of ecotoxicity tests is illustrated by 28 

the fact that many mollusc populations are known to have been seriously damaged by 29 

organotin compounds acting via masculinising endocrine disrupting mechanisms (see 30 

more details below), but current internationally standardised tests are not sufficiently 31 

sensitive to chemicals with this mode of action in molluscs. The present document 32 

will therefore begin to address this shortcoming, partly as a result of the 33 

encouragement of the OECD Invertebrate Expert Group at its 2007 meeting in 34 

Columbia, South Carolina, which welcomed the potential preparation of a DRP on 35 

mollusc testing. Germany and the UK therefore submitted a Standard Project 36 

Submission Form (SPSF) to OECD in January 2008 proposing the preparation of such 37 

a DRP, and OECDôs Working Group of National Coordinators of the Test Guidelines 38 

Programme (WNT) approved the SPSF at its meeting in April 2008. 39 

http://www.oecd.org/document/62/0,3343,en_2649_34377_2348606_1_1_1_1,00.html
http://www.oecd.org/document/62/0,3343,en_2649_34377_2348606_1_1_1_1,00.html
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2.2 Purpose of the DRP 1 

The purpose of this DRP is to consider whether, and to what extent, molluscs are 2 

sensitive to endocrine disruption, to set out what is known about the mechanisms of 3 

action of EDCs in molluscs, to describe EDC-sensitive toxicity testing methods with 4 

molluscs which might be developed into OECD Guidelines, and to make 5 

recommendations about the research and validation activities which might be needed 6 

to achieve this objective. It is expected that the review will focus primarily on partial- 7 

and full-lifecycle tests which should in principle be sensitive to both EDCs and to 8 

chemicals with other modes of action. 9 

Why should OECD be concerned about endocrine disruption in non-arthropod 10 

invertebrates in general and molluscs in particular? Over 95% of known species are 11 

invertebrates, consisting of more than 30 phyla. It will therefore be apparent that the 12 

OECD test guideline developments for EDCs described in section 2.1, covering 13 

vertebrates and arthropods alone, will not provide representative coverage of much of 14 

the animal kingdom. The historical reasons for this are partly the natural incentive to 15 

use vertebrates in chemical testing as surrogates for human beings, partly because the 16 

arthropods are the main pests in agriculture and public health (and hence more 17 

familiar to science than other invertebrates), and partly because our knowledge of 18 

non-arthropod invertebrate endocrinology is comparatively weak. Nevertheless, some 19 

non-arthropod invertebrates are ecologically crucial organisms (e.g. many of the 20 

molluscs), whose health and diversity are vital to the biosphere and to the human 21 

economy. It is therefore considered important to develop a more balanced suite of 22 

tests for endocrine disrupters, some of which substances will inevitably present little 23 

or no risk to vertebrates or arthropods. 24 

An illustration of this gap in the suite of available guidelines is the well-known case 25 

of the tributyltin-based antifouling paints which have caused masculinisation of at 26 

least 150 prosobranch mollusc species worldwide, have decimated many mollusc 27 

populations, have severely damaged the oyster-growing industry, and have caused 28 

severe losses of invertebrate biodiversity in shallow coastal waters (Matthiessen and 29 

Gibbs, 1998; Matthiessen et al., 1999; Rees et al., 1999, 2001; Waldock et al., 1999). 30 

These impacts have included relatively mild effects on crustaceans, but no known 31 

effects on vertebrates. Most of the effects on molluscs were directly or indirectly 32 

caused by a type of endocrine disruption, the effects of which, although not yet 33 

entirely understood with respect to their mode of action (see section 4 below), would 34 

almost certainly not be detected or adequately quantified by any of the new guidelines 35 

being developed by OECD. There will no doubt be other examples of EDCs in 36 

invertebrates with unique potency for non-arthropods, thus justifying some 37 

investigation of the possibilities for new testing procedures. 38 

Another motivation for the development of additional EDC testing procedures with 39 

invertebrates is the ethical concern about the use of vertebrates in guidelines 40 
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developed to date. It seems unlikely that vertebrate-based testing could be totally, if at 1 

all, dispensed with in the near future but there may be some scope for using 2 

invertebrates to screen for substances with vertebrate sex steroid activity. This 3 

approach would help to minimise the numbers of vertebrates sacrificed in chemicals 4 

testing. The steroid pattern of cell signalling seems to have been highly conserved in 5 

evolutionary history (see section 3, and three major invertebrate phyla that use 6 

steroids for this purpose are the echinoderms, the molluscs and the tunicates 7 

(Oehlmann and Schulte-Oehlmann, 2003a). Steroids are also present in some 8 

crustaceans, but their functional role and effects in this group are questionable, 9 

whereas they appear to have a clear function in at least the prosobranch gastropod 10 

molluscs (LeBlanc et al., 1999; Matthiessen et al., 1999). As will be described below 11 

(section 3), sex steroids in molluscs appear to be chemically, but not mechanistically 12 

or functionally, identical with those in vertebrates, but that would not necessarily 13 

preclude molluscs being used as screens for EDCs with sex steroidal activity. 14 

However, it is recognised that reliable mollusc-based screens for steroidal activity 15 

could only be implemented when the role and modes of action of steroids in molluscs 16 

are better understood. 17 

There are several reasons why choosing molluscs (rather than echinoderms or 18 

tunicates) for further guideline development may prove useful. As well as the 19 

endocrinological parallels with vertebrates (which also exist in echinoderms to an 20 

even greater extent), it is worth noting that molluscs are second only to the insects as 21 

the invertebrate group with the most species (>130,000). Mollusc-based tests may 22 

therefore be more amenable to extrapolation in risk assessment programmes than ones 23 

based on less numerically important groups.  24 

Molluscs are also very diverse in their body patterns and life styles, as will be 25 

apparent from consideration of the seven mollusc classes, viz: bivalves; cephalopods, 26 

polyplacophorans (chitons), scaphopods (tusk shells), gastropods, and finally the 27 

small groups of worm-like aplacophores and monoplacophores. The gastropods are 28 

particularly diverse, with 110,000 species, being divided into the archaeogastropods 29 

(limpets and topshells etc.), mesogastropods (periwinkles etc.), neogastropods 30 

(whelks etc.), tectibranchs (sea slugs), sacoglossids (sea slugs), pleurobranchomorphs 31 

(sea slugs), nudibranchs (sea slugs), and pulmonates. This diversity means that 32 

molluscs are found in a wide variety of habitats, which is a useful feature when 33 

extrapolating test data in environmental risk assessments. On the other hand, a 34 

drawback in the present context is that their endocrine systems also vary significantly 35 

(see section 3), which makes extrapolation between mollusc classes potentially 36 

difficult. 37 

Molluscs are found in all surface waters, but they have radiated most in the sea, and 38 

only gastropods and bivalves are found in freshwater. On the other hand, tunicates 39 

and echinoderms are exclusively marine, so it is arguable that they may be less 40 

relevant for testing chemicals than gastropods or bivalves which are universally 41 
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distributed in surface waters. In addition, the pulmonate gastropods and slugs are also 1 

found in the terrestrial environment. Terrestrial molluscs, however, have been 2 

excluded from further consideration in this DRP as there is little demand from 3 

regulatory authorities for tests based on this group, and no evidence to date that they 4 

have been affected by endocrine disruption. 5 

Another reason for attempting to develop testing guidelines for bivalve or gastropod 6 

molluscs is that many are easy to culture and handle in the laboratory, whereas less 7 

knowledge about culturing exists for the tunicates and echinoderms. Furthermore, 8 

molluscs have been shown to experience at least two types of endocrine disruption in 9 

the field (see section 4), and have already been subjected to limited laboratory-based 10 

testing for some EDCs (see section 5). This known sensitivity to some EDCs is 11 

perhaps the most powerful incentive to develop test procedures with one or both of 12 

these molluscan groups. Gourmelon and Ahtiainen (2007), for example, recognise the 13 

need for a ósnailô reproduction test guideline, and suggest that a 28 day procedure of 14 

this type might be modelled on proposals by Duft et al. (2007) for a test based on the 15 

freshwater prosobranch (Hydrobiidae) gastropod Potamopyrgus antipodarum. 16 

In summary, therefore, the purpose of this Detailed Review Paper is first to consider 17 

what is known about the endocrine systems of molluscs and how they can be 18 

disrupted by certain chemicals, both in the field and in the laboratory. This is 19 

necessary in order to establish firmly the need for test guideline developments in this 20 

area, and the scope that such guidelines will ideally need to possess. Secondly, this 21 

DRP seeks to consider the various experimental test methods that have been used to 22 

investigate the responses of molluscs to chemicals including EDCs, in order to collate 23 

and critically evaluate all potentially useful procedures. The third objective is to 24 

present as much detail as possible of the most promising available mollusc testing 25 

protocols and culture methods, to recommend one or more which appear to have 26 

potential for development into OECD Guidelines that can in principle be used to test 27 

the long-term toxicity of EDCs and non-EDCs, and to make proposals for any 28 

research and method validation that may be necessary. The fourth and final objective 29 

is to give practical advice on how the recommended test methods could be 30 

implemented, including an evaluation of costs and benefits which can be used by 31 

WNT to decide if further OECD work on mollusc testing guidelines is justified. 32 

2.3 Objectives of partial- and full mollusc life cycle tests 33 

Consideration of the EDTA Conceptual Framework (OECD, 2004a) shows that there 34 

are regulatory requirements for many different types of tests for assessing the 35 

properties of EDCs, ranging from diagnostic in vitro and screening assays at Levels 2-36 

3 to provide information on fundamental properties and modes of action, through to 37 

tests which provide some information on processes such as growth, development and 38 

reproduction that can be used directly in environmental risk assessments because they 39 

are of clear relevance at the population level. At the top of this hierarchy at Level 5 40 
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are so-called apical tests which expose organisms for their entire life cycle, or a 1 

significant part of it that includes EDC-sensitive processes. It is assumed that single 2 

life cycle tests (or multiple life cycle tests in some circumstances) will include all the 3 

toxicological processes that could be affected by EDCs (or other chemicals), and they 4 

therefore represent the most comprehensive form of testing that is necessary. It should 5 

be noted that such tests will not necessarily diagnose the type of EDC to which the 6 

test substance belongs, or its mode of action (MOA), but they will provide the best 7 

information on toxicity for use in risk assessment. They are therefore equally 8 

applicable to all chemicals where high-level toxicity data are required, not just to 9 

EDCs. The simpler tests in the Conceptual Framework hierarchy, however, as well as 10 

providing mechanistic understanding, can also be used to decide which of the more 11 

advanced tests are the most applicable in given circumstances. 12 

These requirements apply as much to molluscs as to any other group of test 13 

organisms. However, in the case of molluscs, we only have a poor understanding of 14 

how endocrine disrupters exert their effects (see section 3). Without such knowledge, 15 

it is impossible to design robust diagnostic or screening tests. It could be argued that 16 

there is consequently no point in developing life cycle tests until such screening tests 17 

are available, but this ignores the fact that some chemical manufacturers and 18 

regulatory authorities will require life cycle data even in the absence of mechanistic 19 

understanding. Whereas this may be an expensive strategy when testing organisms 20 

with long life cycles, it becomes more practical when testing shorter-lived organisms 21 

such as some molluscs. 22 

The primary objective of partial- and full life cycle tests with molluscs at Level 5 is 23 

therefore to provide more or less comprehensive information on the apical effects of 24 

both EDCs and ordinary chemicals, and not to uncover MOAs, at least not at the 25 

present state of knowledge. It is assumed that the results of either partial- or full life 26 

cycle tests with molluscs could be used directly in risk assessment, after application of 27 

(small) assessment factors or other procedures for extrapolating from the laboratory to 28 

the natural environment. However, partial life cycle mollusc data might also be used 29 

to decide whether definitive data from a full life cycle test should be sought. 30 

Primary endpoints in life cycle tests with molluscs might include some or all of the 31 

following: 32 

¶ Time to spawning 33 

¶ Fecundity 34 

¶ Fertilisation success 35 

¶ Time to hatch 36 

¶ Hatching success 37 

¶ Juvenile mortality, growth and development 38 

¶ Sex ratio 39 

¶ Gonadal histopathology 40 
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As greater understanding of molluscan endocrinology and the responses of molluscs 1 

to EDCs is gained, it might be considered desirable to add additional endpoints of a 2 

more diagnostic character (e.g. biomarkers of certain MOAs), although it would 3 

probably be a more efficient strategy to design separate screening and diagnostic tests 4 

that would correspond to lower levels in the EDTA Conceptual Framework. 5 

6 
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3 Neuroendocrine control of physiological functions in molluscs 1 

3.1 Phylogeny and the divergence of molluscan endocrinology 2 

Evolutionary biologists generally agree that animals diverged into two discrete 3 

lineages, protostomes and deuterostomes, during early evolution of the animal 4 

kingdom. Accordingly, significant divergences in endocrine strategies would be 5 

expected between deuterostomes (the vertebrates and echinoderms without 6 

bryozoans) and protostomes (most invertebrate groups including molluscs). 7 

Furthermore, the high degree of evolutionary divergence among the individual 8 

invertebrate phyla would also allow for significant divergence in endocrine strategies 9 

utilised by these phyla (Hoffmann and Porchet, 1984; Dorn, 2000). 10 

This bifurcation seems to demarcate a major divergence in endocrine strategy. 11 

Significant evidence exists to indicate that invertebrate deuterostomes use vertebrate-12 

type sex steroids (androgens, estrogens, progestogens) as terminal hormones to 13 

regulate reproduction along extended neuroendocrine cascades. On the other hand, 14 

available data suggest that protostomes make limited use of vertebrate-type sex 15 

steroids for reproductive maturation and function. Most lower protostomes use 16 

neuropeptides to regulate these processes; arthropods and particularly insects and 17 

crustaceans use a neuroendocrine cascade with the ecdysteroids and terpenoids as 18 

terminal hormones (Hoffmann and Porchet, 1984; Dorn, 2000). Ecdysteroids are 19 

apparently not part of the deuterostome arsenal of hormones and the deuterostomes 20 

make use of terpenoids (i.e. retinoic acid) primarily in patterning early development. 21 

Thus, the argument could be made that the endocrinology of deuterostome 22 

invertebrates, represented by the majority of echinoderm classes such as sea stars and 23 

sea urchins, is more homologous to that of the vertebrates in comparison with the 24 

protostome invertebrates (de Fur et al., 1999; Hines et al., 1992). However, there is 25 

also evidence for the use of vertebrate-type steroids to control growth, development 26 

and reproduction in a number of protostome groups (Lafont, 2000; Pinder and 27 

Pottinger, 1999). 28 

Hormonal regulation of biological functions is common to both vertebrate and 29 

invertebrate animals but portraying the evolution of hormonal systems is extremely 30 

difficult as there are no ñfossil hormonesò and all conclusions have to be drawn from 31 

living organisms. Whereas the evolution of vertebrate organ systems (including the 32 

endocrinium) is documented more or less comprehensively, only a few authors have 33 

directed their attention to invertebrates and especially molluscs. Therefore most of the 34 

information given below refers to the textbook of Kuhlmann and Straub (1985) and 35 

the reviews of Hartenstein (2006) and Köhler et al. (2007). 36 

During development of bilaterian organisms, endocrine glands form out of all three 37 

germ layers (endoderm, mesoderm, ectoderm). Glands of ectodermal and endodermal 38 

origin produce peptide and amine hormones whereas lipid based molecules stem from 39 
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mesodermal tissue. It is hypothesized that defined epithelial cells embedded in the 1 

epidermis and intestinal lining are able to perceive chemical, physical or 2 

environmental stimuli which activate metabolite secretion resulting in adaptive 3 

responses in other tissues (Hartenstein, 2006).  4 

During the course of evolution, early endocrine cells experienced specializations and 5 

separated from the epidermis, neuroectoderm and intestine. Also during evolution, 6 

some of these secreting cells migrated to various locations in the body to form 7 

independent and true endocrine glands which have only been identified in arthropods 8 

and vertebrates. Chemical mediators or hormones exert their regulatory effects at 9 

various target sites within the body. Although, a basic endocrine strategy to regulate 10 

biological processes has ancient beginnings, individual components intrinsic to the 11 

endocrine system have undergone significant evolutionary divergence resulting in 12 

distinct differences in the endocrine systems of various taxa (Hartenstein, 2006; Janer 13 

and Porte, 2007; Köhler et al., 2007; Lafont and Mathieu, 2007). Through evolution, 14 

invertebrate species in particular have experienced a huge diversity of life histories 15 

and have hence adopted a multitude of unique approaches to growth, development 16 

and reproduction. These approaches include processes of metamorphosis, diapause 17 

and pupation which are life history traits not evident in vertebrates. Thus, during 18 

evolution the neuroendocrine regulation of these processes most likely centred around 19 

the uses to which invertebrate hormones were put and was therefore considerably 20 

more diverse than that found in the vertebrates (de Fur et al., 1999; Oehlmann and 21 

Schulte-Oehlmann, 2002; 2003a). 22 

The archetype mollusc was probably provided with neurosecretory cells interspersed 23 

among central and peripheral neurons as well as intestinal cells. By further 24 

specialization of the latter, performance and complexity of the molluscan 25 

neuroendocrine system was enhanced. In the central nervous system, neurosecretory 26 

cells grouped into ñnucleiò (Hartenstein, 2006; comp. Figure 3-1). Neurites innervated 27 

defined sections of the neuropile and neurosecretory peripheral axons associated with 28 

glial sheath, covering the nervous system with blood vessels in several molluscs 29 

(Geraerts et al., 1988; Joosse, 1988). 30 

Generally the endocrine system of animals may range from simple neurosecretory 31 

sites (potentially involving one or more centres of the nervous system) to complex 32 

networks of widely scattered ductless glands that synthesize and release chemical 33 

mediators into the circulatory system. Systems of the neurosecretory type may also 34 

store and release hormones in neurohaemal organs consisting of neurons directly 35 

contacting the circulation system via their endings (e.g. in the molluscs Helix aspersa, 36 

Octopus vulgaris, and Eledone cirrhosa). It is believed that the ñunified wholeò of 37 

gland cell, hormone and target cell did not evolve at the same time, but developed 38 

over the course of long evolutionary  periods on several occasions (Kuhlmann and 39 

Straub, 1985). During this process, two substance groups attained importance as 40 

hormones ï peptides and steroids. Most likely molecules of the steroid type 41 
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transferred chemical information from one cell to another. This is indicated by the 1 

ability of steroid hormones to permeate phospholipid bilayers and when bound to 2 

receptors to directly affect genetically mediated biosynthesis processes.  3 

According to Kuhlmann and Straub (1985) the presence of numerous vertebrate-type 4 

hormones in invertebrates can be explained by evolutionary processes of cell 5 

metabolism where secretion of these molecules in the first instance was of no 6 

endocrine significance, but following the co-evolution of substance-specific receptors 7 

some, but not all, of them became functional hormones. Baker (2005) in contrast 8 

favours an ancestral nuclear receptor with low ligand selectivity which in co-9 

evolution developed towards a receptor with highly selective affinity for ligand 10 

binding, whereas Thornton (2003) argues for the probable appearance of an ancestral 11 

ligand-activated receptor. However, as a result, several substances may have survived 12 

evolution without retaining a function in recent organisms, while similar molecules in 13 

different groups may have different functions or bind species-specifically to different 14 

receptors. Receptors may have been structurally conserved but may equally well have 15 

occurred convergently several times in the course of evolution. As reported by Köhler 16 

et al. (2007), until 2002 sex steroid receptors had only been identified in 17 

deuterostomes and it was presumed that these receptors first appeared in a 18 

deuterostome archetype. However, Thornton et al. (2003) succeeded in isolating an 19 

estrogen receptor (ER) ortholog with close homology to the vertebrate ER genes in 20 

the opisthobranch snail Aplysia californica. On the other hand, this study revealed the 21 

receptor to be a constitutive transcriptional activator, not binding estradiol and 22 

independent of hormone regulation. The same phenomenon has been shown for the 23 

ER ortholog identified in the cephalopod Octopus vulgaris (Keay et al., 2006), the 24 

oyster Crassostrea gigas (Matsumoto et al., 2007) and the prosobranch snails Thais 25 

clavigera, Nucella lapillus and Marisa cornuarietis (Kajiwara et al., 2006; Castro et 26 

al., 2007; Bannister et al., 2007).  27 

3.2 (Neuro-)endocrine control in molluscs 28 

Unfortunately, there is no source to which one can turn for a comprehensive and 29 

authoritative description of molluscan endocrinology, because the field can still be 30 

characterised primarily as work in progress, so this section attempts to give a very 31 

brief review on the subject. 32 

In vertebrates the ñneuroendocrine systemò is considered a combination of the 33 

endocrine and nervous system in which hormones and electrical impulses serve as 34 

messengers to regulate physiological actions in organisms. Whereas the interactions 35 

between the nervous and endocrine systems in vertebrates are well known and 36 

described, knowledge of function, regulation and especially orchestration of both 37 

systems in molluscs is fragmentary. 38 
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Generally, the bodyôs signalling system is mediated by local chemical messengers: 1 

neurotransmitters, neuropeptides, hormones and pheromones. Histamine is an 2 

example of a local messenger or tissue hormone which does not accumulate in the 3 

blood and has been identified e.g. in the nervous system of the opisthobranch Aplysia 4 

californica and the bivalves Macoma baltica and Mytilus edulis (Karhunen and 5 

Panula, 2005; McCaman and Weinreich, 1985; Ungar et al., 1937). Neurotransmitters 6 

like acetylcholine are produced by nerve cells and released at their axon terminations 7 

to act short-range on adjacent target cells. Early papers by Prosser (1940) and Pilgrim 8 

(1954) described action and nervous inhibition of regulator neurons by achetylcholine 9 

in the heart of bivalves (Venus mercenaria, Gryphaea angulata, Mytilus 10 

galloprovincialis). Panchin et al. (2004) applied acetylcholine antagonists to modify 11 

the locomotory pattern of the pteropod mollusc Clione limacina. 12 

As described by several authors (Geraerts et al., 1988; LeBlanc et al., 1999; Nassel, 13 

1996), the molluscan endocrine system appears to revolve primarily around 14 

neurosecretory centres in the cerebral, pleural, pedal and abdominal ganglia which all 15 

produce neuropeptides with hormonal action. The primary secretory structures in 16 

invertebrates are often neuronal in origin, and termed neurosecretory organs or 17 

tissues. As in vertebrates they constitute endocrine active structures associated with 18 

the central nervous system (cerebral ganglion) and might be convergent or even 19 

analogous to the pineal and/or pituitary glands. The (neuro-)endocrine system of 20 

pulmonate snails is by far the best-investigated. Multitudinous hormonally active 21 

regions have been identified as integral parts of their nervous system and Pinder et al. 22 

(1999) provide a detailed overview of this topic which is briefly summarized below. 23 

So-called dorsal bodies can be found on the lateral surface of the cerebral ganglia of 24 

pulmonates. Dorsal body cells are known to produce the dorsal body hormone (DBH) 25 

which is a female gonadotropic hormone. As it was presumed that the dorsal bodies 26 

are of mesodermal origin (Boer et al., 1968) they are additionally considered to 27 

synthesize steroid hormones. Furthermore caudo-dorsal cells have been identified to 28 

produce the caudo-dorsal peptide hormone (CDCH) that plays an important role in 29 

egg-laying. The light green cell system of the cerebral ganglia inter alia releases 30 

neurohormones mediating growth and molluscan insulin-related peptides. However, 31 

embedded in the lateral lobes of the cerebral ganglia are cells producing inhibitory 32 

growth factors. The dark green cell system can be found in the pleural ganglia of 33 

pulmonates and generates a hormone, structurally analogous with vertebrate thyroid-34 

stimulating releasing hormone (TRH), with diuretic effect. The dark green cells are 35 

supported by yellow and yellow-green cells which direct osmotic events by the 36 

synthesis of sodium influx stimulating peptide (SIS). 37 

As illustrated by Saleuddin et al. (1994) in pulmonate landsnails, dorsal body cells are 38 

dispersed throughout the connective tissue that encloses the nerve cells, similar to the 39 

situation in proso- and opisthobranchs where these structures are termed 40 



FINAL_DRAFT_DRP_V9 

 19 

ôjuxtaganglionar organsó. In cephalopods the so called optic glands represent the 1 

central nervous system (CNS)-associated endocrine areas (comp. Figure 3-2). 2 

Neuropeptides or neurohormones are released to body fluids and transported to 3 

nonadjacent target cells where they unfold their potential and for which some 4 

substantial information is available (Lubet and Mathieu, 1990). 5 

 6 

 7 
Figure 3-1: Overview of elements of the pulmonate neuroendocrine system modified after 8 
Hartenstein (2006). Schematic dorsal view of gastropod cerebral ganglion. Central nervous 9 
system is coloured white. Multiple clusters of central neurosecretory cells are present in the 10 
ñbrainò (bgc, bag cells; cdc, caudo-dorsal cells; and ldc, latero-dorsal cells). In some cases, 11 
neurohaemal release sites have been identified (cco, commissural neurohaemal organ; and 12 
min, median lip nerve). The medio-dorsal body (mdb), latero-dorsal body (ldb), and lateral 13 
lobe (ll) form endocrine structures closely associated with the brain and targeted by 14 
neurosecretory cells 15 
 16 

Most work has been restricted to relatively few species of opisthobranch and 17 

pulmonate gastropods, particularly Aplysia and Lymnaea while there is some 18 

information on the bivalve Mytilus (de Lange and van Minnen, 1998; Lagadic et al., 19 

2007; Nassel, 1996; Norekian and Satterlie, 1997; Santama et al., 1996). Lagadic et 20 

al. (2007), who are the prime source for this paragraph, describe the considerable 21 

amount of information about the neuroendocrine control of reproduction in the 22 
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hermaphrodite Lymnaea stagnalis. Most of the eleven groups of hormones identified 1 

in L. stagnalis to date are indeed neuropeptides, although one (the dorsal body 2 

hormone, which controls the female accessory sexual organs, vitellogenesis, oocyte 3 

maturation and galactogen synthesis in the albumen gland) is considered to be a 4 

steroid - and therefore not of neuronal origin - in some species of pulmonate. Peptides 5 

secreted by the caudodorsal cells and other parts of the central nervous system 6 

regulate the onset and control of egg-laying behaviour, and include the so-called 7 

ovulation hormone (CDCH-1) which causes the release of mature oocytes by the 8 

ovotestis, and FMRFamide. The albumen gland in turn produces epidermal growth 9 

factor (L-EGF) and trypsin inhibitor (LTI), both involved in embryonic development. 10 

The lateral lobes exert global control of female reproductive activity, and are 11 

associated with a peptide similar to gonadotropin-releasing hormone (GnRH). The 12 

endocrine functions of the ovotestis are not clear, but the associated Sertoli cells are 13 

important in this regard, and may produce androgenic steroids that control 14 

spermatogenesis and spermiation. Male copulatory behaviour is under the control of 15 

peptidergic neurons ï APGWamide modulates the muscles involved in everting the 16 

preputium, and antagonises the effects of another neuropeptide (conopressin) that 17 

causes the vas deferens to contract and ejaculate semen. 18 

 19 
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 1 

Figure 3-2: CNS-associated endocrine structures (dotted areas) in major molluscan groups 2 
(modified after Saleuddin et al. 1994). cg, cerebral ganglion; ol, optic lobe; sog, 3 
subesophageal ganglia: vl, ventral lobe. 4 
 5 

The occurrence of gonadotropin-releasing hormone is not restricted to vertebrates (for 6 

details see review of Tsai, 2006). Several studies have substantiated the presence of 7 

this molecule in many invertebrate groups including gastropods (Aplysia californica, 8 

Helisoma trivolis, Lymnaea stagnalis), bivalves (Crassostrea gigas, Mytilus edulis) 9 

and cephalopods (Octopus vulgaris). Hatcher and Sweedler (2007) grant special 10 

importance to the role of GnRH neurones when speculating on the similarities of 11 

neuroendocrine networks in mammals and the reproductive bag cell neuroendocrine 12 

system of the sea slug Aplysia californica. Bag cells are known to regulate the 13 

reproductive effort in Aplysia through release of peptides derived from the egg-laying 14 

prohormone (proELH) into the neurohaemal region of the nervous system 15 

(abdominal, pleural and cerebral ganglia), similar to GnRH neurones when activating 16 

the hypothalamic pituitary axis. It has been shown that the bag cell network operates 17 

via descending action potentials which transmit from cerebral and pleural ganglia to 18 

abdominal bag cell clusters. Additionally Antkowiak and Chase (2003) demonstrated 19 

ovotestis innervation with sensory function in the pulmonate snail Helix aspersa and 20 
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concluded that sensory endings in the gonad correspond to oocyte maturation and 1 

neural CNS feedback.  2 

With the exception of a number of French studies from the 1970s, focussing on the 3 

endocrine control of sex change in the protandric hermaphrodite Crepidula fornicata 4 

(e.g. Bardon et al., 1971; Le Gall et al., 1983; Le Gall and Streiff, 1978; Ny and Le 5 

Gall, 1976) little basic research has been done with prosobranch snails. The 6 

experiments with Crepidula investigated the role of "neuroendocrine factors", 7 

presumably neuropeptides, on penis formation and regression during sexual 8 

differentiation and the sex change from males to females. These studies provided 9 

evidence that the pedal ganglia in the prosobranch central nervous system produce a 10 

"penis morphogenesis factor" in both sexes of snails or in the male and female phases 11 

of consecutive hermaphrodites. A "penis regression" factor is produced exclusively by 12 

the pleural ganglia of females or hermaphrodites in the female phase. Based on a 13 

number of convincing experiments it was concluded that a penis is formed under 14 

"penis morphogenesis factor only" conditions, i.e. in males, the male phase of 15 

hermaphrodites, or if production of the "penis regression factor" is inhibited. The 16 

authors did not characterise these neuroendocrine factors nor did they investigate the 17 

potential role of steroids in the process of penis formation or suppression. However, 18 

according to Saleuddin et al. (1994) juxtaganglionar organs in proso- and 19 

opisthobranchs (as well as the optic glands of cephalopods and dorsal bodies of 20 

pulmonates) are considered to produce female gonadotropic hormones which are 21 

involved in the neuroendocrine control of reproduction (e.g. egg maturation, albumen 22 

and vitellogenin production and size of accessory sex organs). 23 

The cardio-acceleratory peptide FMRFamide was first characterized in the clam 24 

Macrocallista nimbosa and the head ganglia of Aplysia brasiliana (Lehmann et al., 25 

1984; Price and Greenberg, 1977). The FMRFamide family is now the best known, 26 

characterised and most widespread of all invertebrate neuroendocrine hormones. Its 27 

activities in molluscs are manifest in a range of physiological processes of which the 28 

regulation of heartbeat is the best characterised (Greenberg and Price, 1983; Favrel et 29 

al., 1998; Nassel, 1996; Santama et al., 1996; Suzuki et al., 1997; Tensen et al., 1998). 30 

Molluscan insulin-like peptides (MIPs) also produced by central nervous system cells 31 

are amongst the best-characterised peptides. There are at least six members of this 32 

structurally related family (Smit et al., 1996) that bear striking resemblance to the 33 

vertebrate insulins and insulin-like growth factors. They have established roles in 34 

growth, development and metabolism (Pertseva et al., 1996). 35 

In molluscs, shell growth seems to be under neuroendocrine control, as shown for 36 

Lymnaea stagnalis and Helisoma sp. where the growth hormone-producing light 37 

green cells of the cerebral ganglia possess a hormone-dependent calcium-binding 38 

protein (CaBP) (Dogterom and Doderer, 2006; Saleuddin and Kunigelis, 1984). In 39 

addition, Ottaviani and Franceschi, (1996) and Ottaviani et al. (1991, 1992a,b, 1993, 40 
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1994) demonstrated in several studies the presence of the catecholamines adrenaline, 1 

noradrenaline and dopamine in the central nervous system (CNS) of prosobranch and 2 

pulmonate snails (Helicella virgata, Planorbarius corneus, Viviparus ater). These 3 

authors furthermore observed that molluscan haemocytes were equipped with the 4 

enzymes tyrosine hydroxylase and dopamine ß-hydroxylase which are essential for 5 

the biosynthesis of biogenic amines (Ottaviani et al., 1993). 6 

The most predominant endocrine-related communication system among invertebrates 7 

is the neuropeptide signalling mechanism although non-peptide hormones, including 8 

the two key ones, ecdysone and juvenile hormone (JH) are important in a number of 9 

phyla (Novales et al., 1973). Ecdysteroids and JHs have been reported in a few 10 

molluscan species but remain unconfirmed in the majority. Data are inadequate to 11 

confirm that ecdysteroids play an important role in molluscan physiology (Lafont and 12 

Mathieu, 2007). In arthropods, ecdysone is primarily responsible for moulting 13 

processes while JH modulates the changes from larva to adult, including pupation. 14 

 15 

Table 3-1: Steroid hormones in molluscs (modified after Janer and Porte, 2007). 16 
Species Hormone 

Gastropoda/Prosobranchia  

Viviparus ater 
Corticotropin-releasing hormone, Adrenocorticotropic hormone 

(ACTH)-like 

Marisa cornuarietis Testosterone, estradiol 

Bolinus brandaris Testosterone, estradiol 

Gastropoda/Polmonata  

Lymnaea stagnalis Adrenocorticotropic hormone (ACTH)-like 

Planorbarius corneus 
Corticotropin-releasing hormone (CRH), Adrenocorticotropic 

hormone (ACTH)-like 

Achatina fulica Adrenocorticotropic hormone (ACTH)-like 

Helix aspersa 

Adrenocorticotropic hormone (ACTH)-like, dihydroepiandrosterone, 

androsterone, androstenedione, testosterone, 5Ŭ-dihydrotestosterone, 

3Ŭ-androstanediol, estrone, estradiol, estriol, progesterone 

Arion ater rufus 
11-Ketotestosterone, testosterone, 17Ŭ-hydroxyprogesterone, estrone, 

estradiol  

Bivalvia  

Crassostrea gigas Estradiol, estrone 

Mya arenaria Testosterone, estradiol 

Mytilus edulis 
Adrenocorticotropic hormone (ACTH)-like, testosterone, 

androstenedione, progesterone, estradiol, estrone 

Mytilus galloprovincialis Adrenocorticotropic hormone (ACTH)-like, testosterone, estradiol, 
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Species Hormone 

estrone 

Patinopecten yessoensis Estrone, estradiol 

Ruditapes decussata Testosterone, estradiol 

Cephalopoda  

Octopus vulgaris Testosterone, progesterone, estradiol 

 1 

The endocrinology of the various classes of molluscs and even of major groups of 2 

gastropods ï prosobranchs, opisthobranchs, and pulmonates ï varies greatly, 3 

reflecting extreme differences in morphology and life histories. This can be 4 

exemplified by the vertebrate-type steroids, which occur in prosobranchs and play a 5 

functional role. In the ôolder literatureó a number of reports of steroid biosynthesis and 6 

metabolism in prosobranch snails can be found (e.g. Rohlack, 1959; Lehoux and 7 

Williams, 1971). Vertebrate-like steroids, however, have been measured more 8 

recently in several species of molluscs (comp. Table 3-1) and biosynthesis studies 9 

following the pathways taken by labelled precursors suggest the ability to synthesise a 10 

range of androgens and estrogens (Lafont and Mathieu, 2007; Ronis and Mason, 11 

1996; Wootton et al., 1995). In numerous publications the biosynthesis of vertebrate-12 

type steroids has been demonstrated for molluscs (e.g. Bardon et al., 1971; Bose et al., 13 

1997; D'Aniello et al., 1996; Janer and Porte, 2007; de Jong-Brink et al. 1981; de 14 

Longcamp et al., 1974; Hines et al., 1996; Krusch et al., 1979; Le Curieux-Belfond et 15 

al., 2001; Lupo di Prisco and Dessi'Fulgheri, 1975; Lupo di Prisco et al., 1973; 16 

Ottaviani and Franceschi, 1996; Siah et al., 2002). 17 

Several studies have also implicated steroidal androgens in sex differentiation of 18 

molluscs. For example, testosterone administration to castrated male slugs (Euhadra 19 

prelionphala) stimulates the production of male secondary sex characteristics 20 

(Takeda, 1980). Similarly, administration of testosterone to female gastropods causes 21 

these organisms to develop imposex with extensive penis and vas deferens formation 22 

(Bettin et al. 1996; Spooner et al., 1991). In contrast, there is no clear indication that 23 

opisthobranchs and pulmonates (with the possible exception of the above-mentioned 24 

Euhadra species) use steroidal sex hormones although the presence of testosterone, 25 

estradiol  and progesterone is well-established in these gastropods, and in a range of 26 

cephalopods and bivalves. 27 

Although the functional role of sex steroids in the entire phylum of molluscs has been 28 

questioned, it is evident that such steroids exert marked effects when administered to 29 

a wide range of molluscan species, as is evidenced, for example, by induction of 30 

male-to-female sex reversal in E2-injected oysters, mussels and other bivalves (e.g. 31 

Mori, 1969, Mori et al., 1969, Wang and Croll 2003), the E2-mediated induction of a 32 

type of vitellin in bivalves (Osada et al., 2003), and the fact that steroid titres and 33 
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gonad development in bivalves such as clams and mussels are often correlated (Lafont 1 

and Mathieu, 2007). This is furthermore exemplified by the fact that natural and 2 

synthetic steroids such as E2, EE2, T and MT have been applied to produce pure 3 

female or male offspring in mussel and oyster mariculture. There is no reason to 4 

suppose that exclusively exogenous steroids alter growth, development and 5 

reproduction in molluscs while endogenous steroids are without any effect. However, 6 

a complete steroid biosynthetic and receptor-binding scheme has not been described 7 

for any mollusc species, and the tissues involved in steroidogenesis have not often 8 

been identified, although the basic metabolic picture is very similar to that in 9 

mammals (Figure 3-3). The primary issue is not so much the presence and synthesis 10 

of steroids in many molluscs, which is undisputedly similar to that in vertebrates, but 11 

the precise way in which these steroids exert endocrine control in this phylum.  12 

Overall there are multitudinous findings suggesting the existence of functional sex 13 

steroid receptors in bivalves, gastropods and cephalopods. Nevertheless, Köhler et al. 14 

(2007) recommend consideration of the potential limitations and significance of the 15 

different methodological approaches applied. Receptor-like proteins detected by 16 

immunochemical methods have been reported for the bivalves Mytilus 17 

galloprovincialis, Pecten maximus, Pecten yessoensis, Mytilus edulis and the 18 

cephalopod Octopus vulgaris (Canesi et al., 2004; Di Cosmo et al., 2002; Dorange 19 

and Le Pennec, 1989; Osada et al., 2003; Stefano et al., 2003; Won et al., 2005). 20 

However, the ability of antibodies to react with similar antigenic sites on different 21 

proteins (antibody cross reactivity) must be seen as a disadvantage of 22 

immunochemical assays and clearly reduces the significance of these methods when 23 

used to demonstrate the presence of steroid receptors. 24 

 25 
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 1 

Figure 3-3: The similarity of steroidogenic pathways in mammals and molluscs (modified 2 
after Janer and Porte, 2007). The numbers point to references in that publication, and the text 3 
in italics identifies key metabolic enzymes known in mammals. 4 
 5 

Experiments focussing on the pharmacological elimination or blocking of sex steroid 6 

receptors have suggested that receptor-mediated sex steroid signalling occurs in the 7 

gastropod Nucella lapillus, and the scallop Placopecten magellanicus (Bettin et al., 8 

1996; Santos et al., 2005; Wang and Croll, 2003). Although these studies indicate the 9 

presence of sex steroid receptors they do not offer evidence about molecular receptor 10 

structures. Ligand-binding studies (e.g. by radiolabelling assays) revealed sex steroid 11 

binding in tissue homogenates of the mussel Elliptio complanata and the prosobranch 12 

snail Marisa cornuarietis (Gagné et al., 2001; Oehlmann et al., 2006) but, as Köhler 13 

et al. (2007) point out, the presence of binding sites does not necessarily indicate the 14 

presence of a receptor.   15 

According to Köhler et al. (2007) high sequence homology of mollusc and 16 

mammalian steroid receptors has to be handled carefully, as gene sequences may 17 

differ substantially even within the mammals. Therefore homologues from molluscs 18 

may have different functions than the complementary steroid receptor in vertebrates, 19 

or steroid signalling in invertebrates may be mediated via pathways unknown in 20 

vertebrates or not involving vertebrate-like ERs. Nevertheless, efforts have been made 21 

to isolate estrogen receptor-like orthologs in several molluscan species and 22 

researchers have succeeded in demonstrating their existence in the gastropods Aplysia 23 

californica, Thais clavigera, Marisa cornuarietis and the cephalopod Octopus 24 
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vulgaris (Bannister et al., 2007; Kajiwara et al. 2006; Keay et al., 2006; Thornton et 1 

al., 2003). The crucial factor is that, although many molluscs have steroid receptors 2 

that are very similar, if not identical, to those in vertebrates, they do not seem capable 3 

of mediating steroid action. This is not the place for a detailed treatment of this issue, 4 

but Janer and Porte (2007) point to evidence that steroid hormones may act via cell-5 

surface receptors in molluscs, in association with steroid binding proteins in the blood 6 

i.e. they may operate via signal transduction pathways similar to those involving 7 

peptide hormones. 8 

3.3 Modes of action of endocrine disrupting chemicals (EDCs) in molluscs 9 

Even determining whether a single chemical, especially at sublethal concentrations, 10 

can impact endocrine-driven functions in a feral population of molluscs is difficult 11 

and may require a prolonged and in-depth understanding of their life history, 12 

morphology and the influence of local environmental conditions. In general, 13 

responses of invertebrate endocrine systems to endocrine disrupters have not been 14 

well studied compared to those in mammals or other vertebrates (Baldwin et al., 1995; 15 

Colborn et al., 1993; Fox, 1992). Molluscs have complicated life histories, display 16 

various forms of hermaphroditism (Novales et al., 1973) and in some cases display 17 

poorly resolved sexual dimorphism (Sellmer, 1967). Their reproductive cycle can be 18 

highly complex (Sastry, 1968, 1970) and controlled by many environmental stimuli 19 

including light intensity, temperature, desiccation and diet (Ansell and Trevallion, 20 

1967; Copeland and Bechtel, 1974; Largen, 1967). In the past, studies of hormonally 21 

active substances, whether in molluscs or other clades mainly focussed on sex steroids 22 

and the impairment of reproduction (e.g. Bettin et al., 1996; Duft et al., 2003b; 23 

Jobling et al., 1995, 1996; Oberdörster and McClellan-Green, 2002;  Oehlmann et al., 24 

2006). Given the complexity of endocrine systems, there are many ways in which 25 

endocrine disrupting chemicals can affect the bodyôs signalling system and this makes 26 

unravelling the mechanisms of action of these molecules difficult. Indeed, there might 27 

be a number of endocrine tissues (e.g. nervous system, kidney, midgut gland) affected 28 

by EDCs, producing hormones other than sex steroids (e.g. neuroendocrine hormones 29 

like MIP, growth hormones, FMRFamide, catecholamines, ACTH-like steroids etc.), 30 

but such effects are hardly known. 31 

When defining how endocrine disrupters work in molluscs the crux of the matter is 32 

that although many more-or-less apical effects of these substances are known, basic 33 

information about their modes of action on the molluscan endocrine system is 34 

fragmentary. It is tempting to impose modes of action known from vertebrates on the 35 

molluscs, but from an endocrinologistôs point of view this is equivalent to ñputting the 36 

cart before the horseò. 37 

The review of Sanderson (2006) exemplifies that even within the vertebrate clade, 38 

MOAs of endocrine active substances are diversified, not understood in detail and 39 

often defined by applying the exclusion principle. 40 
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Generally, substances possessing hormonal activities are found in diverse groups of 1 

man-made and natural chemicals (e.g. pesticides, plasticizers, alkylphenol ethoxylates 2 

as industrial surfactants, organotin compounds, PCBs, phytestrogens, natural 3 

hormones) and in pharmaceuticals (e.g. ethinylestradiol, methyltestosterone, 4 

trenbolone). From a mechanistic point of view, this makes it impossible to assign a 5 

unique mode of action to EDCs in general. While some of the substances take effect 6 

by binding but not activating the receptor (antagonistic effect) others may mimic 7 

biological activity by attaching to the receptor to produce hormone-like action in an 8 

agonistic manner. According to Monod et al. (2004), in rainbow trout, imidazole 9 

(prochloraz, imazalil) and triazole (epoxiconazole) fungicides significantly enhance 10 

oocyte maturation which is normally induced and regulated by gonadotropin release. 11 

Actinomycin D (mRNA biosynthesis inhibitor) was able to completely inhibit oocyte 12 

maturation induced by the fungicides, suggesting that the gonadotropin-like agonistic 13 

effect of these chemicals depends on de novo gene expression. Furthermore, it has 14 

been found that the antiandrogenic effects of p,p'-DDE, vinclozolin and metabolites 15 

result from their ability to prevent androgen binding to the androgen receptor (AR) 16 

(Kelce et al., 1994, 1995) and finally the suppression of androgen target gene 17 

expression (Kelce et al., 1994, 1995; Wong et al., 1995). Interestingly, these studies 18 

also provided evidence that depending on ligand binding affinity, concentration and 19 

presence of competing natural ligands, androgen antagonists can also act as agonists. 20 

Endocrine toxicants may furthermore act via non-genomic MOAs (i.e. non-receptor 21 

mediated). Some chemicals are known to bind to hormone transport proteins (CBG, 22 

SHBG, TBG, GHBP) or to alter enzyme activities or other metabolic pathways to 23 

affect the synthesis of endogenously produced hormones (see also indirect TBT 24 

MOAs below). In competitive binding experiments brominated flame retardants, 25 

tetrabromobisphenol A, and several organochlorine compounds turned out to bind 26 

with great affinity to the thyroid serum transport protein transthyretin but not 27 

necessarily to the thyroid receptor (Cheek et al. 1999, Ilonka et al. 2000), which in 28 

vivo may well lead to alterations of the endogenous thyroid hormone titre. 29 

As outlined below, the best known chemical causing endocrine disruption in molluscs 30 

(TBT) likewise appears to possess one or more indirect MOAs. Oehlmann et al. 31 

(2007) highlighted that even for a single endpoint like TBT-induced imposex 32 

development in prosobranch molluscs, several hypotheses about potential modes of 33 

action exist. These include vertebrate-type steroid hypotheses (including aromatase 34 

inhibition, inhibited testosterone excretion, modulation of free and fatty acid-bound 35 

testosterone levels), a neuropeptide hypothesis, and a retinoid X receptor hypothesis. 36 

Beyond these possible MOAs, the same substance is known or suspected to produce a 37 

range of further, not necessarily endocrine-mediated, effects like shell deformation, 38 

reduced spat fall, altered development rates and growth in bivalves, inhibition of 39 

calcification in the skeleton of corals, cytotoxic effects like apoptosis and 40 

compromised mitochondrial membrane integrity in mammals, fish and tunicates, and 41 
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damage of the immune and auditory system of marine mammals (e.g. Allemand et al., 1 

1998; Alzieu et al., 1982; Cima and Ballarin, 1999; Coelho et al. 2001; Song et al., 2 

2005; Tiano et al., 2003). 3 

3.3.1 Possible TBT MOAs: Vertebrate-type steroid hypothesis (aromatase 4 

inhibition)  5 

Spooner et al. (1991) and Stroben et al. (1991) proposed that TBT may induce 6 

imposex in prosobranchs by inhibition of cytochrome P450-dependent aromatase 7 

(CYP19). These findings in TBT-exposed snails were characterized by a dose- and 8 

time-dependent increase of testosterone (T) titres. Furthermore an administration of T 9 

(via injection or via water) also induced imposex. The hypothesis was substantiated 10 

experimentally by Bettin et al. (1996). The authors confirmed a positive correlation 11 

between imposex stages and T levels in wild-caught Nucella lapillus and Nassarius 12 

reticulatus. For both species, a dose- and time-dependent increase of T titres under 13 

TBT exposure in the laboratory was reported. The authors showed that imposex 14 

development was inhibited in snails under co-exposure to TBT and the AR antagonist 15 

CPA, suggesting that T and the AR play key roles in imposex induction. Furthermore, 16 

aqueous exposure to a specific CYP19 inhibitor (formestane at 0.3 mg/L) resulted in 17 

increased imposex levels.  18 

Lu et al. (2002) developed an enzyme-linked immunosorbent assay (ELISA) for the 19 

determination of T levels in reproductive organs of single specimens of the rock shell 20 

Thais clavigera. The results demonstrated significantly higher T concentrations in 21 

imposex-affected females than in snails from uncontaminated sites. Santos et al. 22 

(2002) sampled normal and imposex affected female Buccinum undatum from the 23 

open North Sea at three locations, one with low, and two with high-shipping densities. 24 

CYP19 activity was significantly higher in normal females collected in the low-25 

shipping density area than in imposex-affected animals from high shipping density 26 

areas. Barroso et al. (2005b) analyzed organotin body burdens, imposex and steroid 27 

hormone levels (T, T glucuronide, T sulfate conjugates, and E2) in natural 28 

populations of N. reticulatus from Portugal between 1997 and 1999. T levels in 29 

females without imposex were always lower than in females with imposex, and the 30 

T/E2 ratio tended to increase with increasing imposex and organotin contamination. 31 

Santos et al. (2005) used N. lapillus from an almost imposex-free population, and 32 

TBT at a concentration of 50 ng as Sn/L as positive control. The same CYP19 33 

inhibitor as in the study of Bettin et al. (1996) was applied at the identical 34 

concentration and again induced imposex, whereas CPA blocked the capacity of TBT 35 

to induce imposex. The determination of steroid levels in female specimens revealed 36 

that TBT induces an elevation of free T but not of the total amount (free+esterified).  37 
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3.3.2 Possible TBT MOAs: Vertebrate-type steroid hypothesis (inhibited 1 

testosterone excretion) 2 

Ronis and Mason (1996) observed an inhibition of sulfation of T in in vivo and in 3 

vitro experiments with TBT-exposed periwinkle Littorina littorea, resulting in a 4 

decreased metabolic elimination of the steroid. TBT-exposed gastropods retained 5 

significantly more T from an administered [
14

C]-T dose than unexposed snails. This 6 

was explained by a reduced rate of conversion of T to its sulfate conjugates, thus 7 

impeding T elimination. The results of Ronis and Mason (1996) have not been 8 

confirmed in other studies at environmentally relevant TBT concentrations. It is also 9 

worth mentioning that the authors found a 30ï40% inhibition of CYP19 activity in 10 

their experiments with L. littorea. 11 

3.3.3 Possible TBT MOAs: Vertebrate-type steroid hypothesis (modulation of 12 

free versus fatty acid-bound testosterone levels) 13 

Gooding and LeBlanc (2001) questioned the general comparability of T metabolism 14 

and disposition between snails and vertebrates and characterized T biotransformation 15 

in the mudsnail Ilyanassa obsoleta. T was not readily eliminated by this species, nor 16 

did the authors detect a production of polar T conjugates. Hydroxy metabolites and 17 

oxido-reduced derivatives were relatively minor products. T was largely retained as 18 

non-polar fatty acid conjugates, and this led to the hypothesis that esterification of T 19 

to a fatty acid ester could be a strategy for steroid regulation and could be involved in 20 

the development of imposex. 21 

In a follow-up study, Gooding et al. (2003) investigated whether TBT interferes with 22 

the esterification of T, resulting in elevated free (unesterified) T levels associated with 23 

imposex. Exposure of snails to TBT concentrations at or above 1 ng as Sn/L induced 24 

imposex but did not affect total (free+esterified) T levels in snails. However, free T 25 

levels increased with increasing exposure to TBT. In TBT-exposed I. obsoleta the 26 

production of [
14

C]-T-fatty acid esters from administered radio-labelled precursor 27 

decreased with increasing TBT concentrations, indicating that TBT may act via a 28 

suppression of acyl coenzyme A (CoA) testosterone acyltransferase (ATAT), an 29 

enzyme that converts T to the fatty acid ester. However, experimental results did not 30 

show a direct inhibition of the ATAT or suppressed ATAT protein expression. The 31 

authors concluded that the target of TBT may be a co-contributor to the T fatty 32 

esterification process, or a factor in the enhanced hydrolysis of the T-fatty acid pool. 33 

Gooding and LeBlanc (2004) found in wild snails that T existed predominantly in the 34 

free, non-esterified form at the onset and end of the egg laying period while at other 35 

times, the majority of T was sequestered as fatty acid esters. 36 

Recently, Janer et al. (2006) investigated sex differences in endogenous levels of 37 

esterified steroids in Marisa cornuarietis. According to the findings of Gooding and 38 

LeBlanc (2001) for I. obsoleta, T and E2 were mainly found in the esterified form in 39 
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the digestive gland/gonad complex, and males had higher levels of esterified steroids 1 

than females (4ï10-fold). Additionally, the ability of several xenobiotics (TBT, MT, 2 

and FEN) to interfere with the esterification of T and E2 was investigated. All three 3 

compounds induced imposex but had different effects on steroid metabolism. TBT 4 

exposure led to a decrease in both esterified T (60ï85%) and E2 (16ï53%) in females, 5 

but had no effect on males. Exposure to FEN and MT did not alter the levels of 6 

esterified steroids in males or in females, although exposed females developed 7 

imposex. The decrease in esterified steroids caused by TBT could not be directly 8 

linked with a decrease in ATAT activity. Contrary to expectations, ATAT activity 9 

was marginally induced in TBT-exposed snails after 50 days (1.3-fold), and 10 

significantly induced in males and females exposed to MT for 50 days (1.8- and 1.5-11 

fold, respectively), whereas no effect on ATAT activity was observed after 150 days 12 

exposure. 13 

3.3.4 Possible TBT MOAs: Neuropeptide hypothesis 14 

Results from the early 1980s demonstrated that TBT inhibits the release of a 15 

neuroendocrine factor [Penis Regression Factor (PRF)] from the pleural ganglia, 16 

which is responsible for the suppression of penis formation in females, resulting in 17 

imposex development (Feral and Le Gall 1982). The authors did not find any effects 18 

of TBT on the formation of the Penis Morphogenic Factor (PMF), which is expressed 19 

in all prosobranch snails, irrespective of their sex. Although both factors have not 20 

been identified, recent results show that administration of the neuropeptide 21 

APGWamide can significantly induce imposex in I. obsoleta at 10
ï16

 M subcutaneous 22 

injection over 2 weeks (Oberdörster and McClellan-Green 2000). Oberdörster and 23 

McClellan-Green (2002) proposed that APGWamide could represent the PMF in this 24 

species. Furthermore, the authors found some support for the aromatase inhibition 25 

hypothesis because in vitro studies with digestive gland microsomes resulted in a 52% 26 

reduction in CYP19 activity in TBT-dosed snails. The authors concluded that a 27 

combination of changes in peptide and steroid hormones may be involved in imposex 28 

induction. Further support for the neuropeptide hypothesis was found in analyses of 29 

APGWamide levels in TBT- and T-treated mudsnails (Oberdörster et al. 2005). While 30 

control males had significantly higher APGWamide levels than control females, all 31 

TBT-treated animals (male, female, and imposex) had APGWamide levels similar to 32 

control males and significantly higher than control females. In T-treated animals, 33 

APGWamide levels were the same as controls and it is likely that T interferes with 34 

downstream signalling in imposex induction. These latest results by Oberdörster et al. 35 

show that the aromatase inhibition and neuropeptide hypotheses are not necessarily 36 

mutually exclusive. 37 
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3.3.5 Possible TBT MOAs: Retinoid X receptor hypothesis 1 

Nishikawa et al. (2004) and Horiguchi et al. (2007) have shown that organotin 2 

compounds interact with the RXR in humans and the rock shell T. clavigera. TBT and 3 

TPT exhibit a high affinity to the human RXR. The injection of its suspected natural 4 

ligand 9-cis retinoic acid (RA) into female snails induced imposex development. An 5 

analysis of cloned RXR homologues from T. clavigera revealed that the ligand-6 

binding domain of the snail RXR is similar to the vertebrate RXR, displaying 7 

comparable affinities to both 9-cis RA and organotin compounds. From their 8 

experiments, the authors concluded that the RXR plays an important role in inducing 9 

imposex as RXR gene expression was significantly higher in penises of males and 10 

imposex-affected females compared to presumptive penis tissue of normal females 11 

(P<0.01 and P<0.05, respectively).  12 

The results from Nishikawa et al. (2004) with the supporting evidence from 13 

Horuguchi et al. (2007) are too preliminary for a final judgment. Beside the fact that 14 

Werner and DeLuca (2001) question the role of 9-cis RA as the physiological RXR 15 

ligand because the compound could not be identified in rat tissues, it has been shown 16 

for the fiddler crab Uca pugilator that a simultaneous expression and association of 17 

the RXR and the ecdysteroid receptor (EcR) is required to bind to responsive DNA 18 

elements (Durica et al. 2002). Other receptors, including the AR, are also reported to 19 

form heterodimers with the RXR (Chuang et al. 2005). According to these results, the 20 

AR and RXR mutually affect their transcription and it cannot be excluded that RXR 21 

activation might produce androgenic but also antiandrogenic effects by this 22 

mechanism. 23 

These conflicting results may reflect species-specific differences in imposex induction 24 

and its underlying mechanism. A species specificity has also been demonstrated for 25 

imposex induction by TPT (see above) and by the remarkable observation that some 26 

neogastropods such as Columbella rustica do not develop imposex even under high-27 

TBT exposure conditions although other, closely-related snails from the same genus 28 

do (Gibbs et al. 1997).  29 

In summary, aromatase inhibition is one hypothesis which remains valid when 30 

evaluating the currently available evidence. The vertebrate-type steroid and 31 

neuropeptide hypotheses are not necessarily mutually contradictory but may simply 32 

address different aspects of the prosobranch endocrine system, which may exhibit an 33 

even more pronounced similarity to the vertebrate hormonal system. Neuropeptides 34 

may act as releasing factors, mediating steroid production and/or metabolism, as 35 

proposed by Oberdörster and McClellan-Green (2002) and Oehlmann and Schulte-36 

Oehlmann (2003b), similar to the feedback control of the hypothalamic-pituitary axis 37 

in vertebrates. It is also possible that TBT could bind to receptors in the steroid-38 

hormone superfamily (such as RXR), and thereby cause gene transcription that could 39 

signal development of the sex organs. These gene products could include 40 
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neuromodulators such as APGWamide, which again could modulate T and/or E2 1 

production. It appears that no experimental attempts have yet been made to seek a 2 

linkage between the three main hypotheses. 3 

4 
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4 Endocrine disruption in wild molluscs 1 

Given that modes of action of EDCs in molluscs are uncertain at present, it could be 2 

argued that it is not possible unequivocally to identify cases of endocrine disruption in 3 

the field. However, when considered together with the experimental data presented in 4 

section 5, there are two examples of substances (organotins and estrogens) which are 5 

likely to have caused effects on wild molluscs by means of endocrine disruption, and 6 

these are described below. As a further note of caution, it should also be borne in 7 

mind that common trematode parasites are able to mimic the effects of some EDCs in 8 

molluscs (Morley, 2006, 2008), in particular causing endocrine disruption-like 9 

changes in reproduction and immune response. Field data, and laboratory data from 10 

field-derived molluscs, should therefore always be interpreted with care. 11 

4.1 Effects of tributyltin  12 

The best examples of probable endocrine disrupters that are known to have caused 13 

serious damage at the invertebrate population and community levels are the 14 

triorganotins, of which the most widely distributed and studied is tributyltin (TBT) 15 

which was used inter alia in many anti-fouling paints. The primary and most potent 16 

action of the triorganotins has been against molluscs (both bivalves and gastropods), 17 

but there have also been both primary and secondary effects on a range of other 18 

invertebrates. A short description of TBTôs effects on molluscs is given below, but 19 

much more comprehensive information can be found in several reviews, including 20 

Fent (1996), Matthiessen and Gibbs (1998) and Matthiessen et al. (1999). A 21 

discussion of TBTôs several putative MOAs in molluscs is presented in section 3. 22 

Tributyltin (TBT)-based antifouling paints for application to the hulls of both large 23 

and small vessels were on the market since the early 1960s, but their use only became 24 

widespread in the early 1970s when self-polishing copolymer paints were developed 25 

(Anderson and Dalley, 1986, cited in Waite et al., 1991; Stebbing, 1985). At its height 26 

in the 1980s, the market for TBT-based antifouling paints was 2,000-3,000 tonnes p.a. 27 

worldwide (DOE, 1986). It gradually became apparent that TBT is one of the most 28 

toxic substances to many aquatic species, especially in molluscs where it almost 29 

certainly acts as an endocrine disrupter inter alia through its induction of high 30 

testosterone titres in females (Matthiessen and Gibbs, 1998). 31 

Almost all large marine vessels (e.g. 80% of US ships exceeding 4000 tonnes ï de 32 

Mora, 1996), plus pleasure-craft such as yachts and other marine structures such as 33 

salmon cages, were treated with TBT-based paints during the period up to the mid-34 

1980s when many governments brought in bans on their use on pleasure-craft. It was 35 

originally thought that the leaching of TBT from large vessels was not so 36 

environmentally damaging as from pleasure craft due to the generally greater dilution 37 

available in deep water, but this eventually proved not to be the case. However, new 38 

uses on large vessels (>25 m) were only stopped in 2003 by the International 39 
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Maritime Organisation (IMO, 2001), and TBT-containing paint films applied before 1 

the 2003 ban did not have to be removed until 2008. 2 

The field evidence concerns two mollusc groups, the prosobranchs and the bivalves. 3 

4.1.1 Prosobranch molluscs 4 

It was noticed in 1970 that female dogwhelk Nucella lapillus in the vicinity of 5 

Plymouth harbour, UK, possessed a penis (Blaber, 1970). This was subsequently 6 

termed óimposexô, and associated with exposure to TBT (Bryan et al., 1986; Gibbs 7 

and Bryan, 1986; Gibbs and Bryan, 1996). TBT causes masculinisation of the female 8 

reproductive tract which in the worst cases can lead to sterilization and ultimately to 9 

blockage of the oviduct and death due to build-up of unshed eggs. Imposex in N. 10 

lapillus was and is detectable around many coastlines, but especially near marinas and 11 

harbours. It was initially noticed that many populations in southern Britain were 12 

sterilised, and subsequently became extinct (Gibbs and Bryan, 1996). We now know 13 

that similar effects have been seen in marine prosobranch gastropods around the 14 

world, and Matthiessen et al. (1999) reported that about 150 species are known to 15 

have been affected in this way. TBTôs impacts on molluscs and biodiversity in general 16 

are thus truly global. 17 

Imposex in dogwhelks and other prosobranchs led to population declines. For 18 

example, Gibbs and Bryan (1996) surveyed 79 coastal sites in the UK, between 1986 19 

and 1989. Dogwhelks had become extinct due to TBT at 18% of sites, and more than 20 

50% of females were sterile at another 34% of sites. They live for about 10 years, so 21 

populations were slow to decline, and the first extinctions probably did not occur until 22 

the late 1980s. Data from Hawkins et al. (2002) show that populations with >50% 23 

sterility had declined in abundance by approximately 50%, whereas there had been 24 

little apparent decline in populations where sterility was <50%. Overall, dogwhelk 25 

populations in southern Britain probably declined by at least 50% at 52% of sites. In 26 

comparison, Harding et al. (1999) surveyed dogwhelks (either wild, or transplanted in 27 

locations where the population was already extinct) along the entire UK and 28 

continental coastline of the North Sea and English Channel and showed that those 29 

populations classed as Category C or D (reduced or terminated egg production) were 30 

present at about 65% of sites. It is reasonable to assume that these populations were in 31 

decline. In other words, at least half of the dogwhelk populations in northwest Europe 32 

had either disappeared or had seriously declined due to TBT. Similar effects were 33 

seen in other regions ï for example, ivory shell Babylonia japonica populations in 34 

Japan declined significantly approximately 2 years after TBT-related imposex was 35 

first observed (Horiguchi et al., 2006). Although Franc (1940; 1952) formerly had no 36 

problems in capturing hundreds of egg capsules and also large numbers of adult 37 

Ocinebrina aciculata on the north coast of Brittany (France),  Oehlmann et al. (1996) 38 

reported a serious population decline for this species  between the Bay of Arcachon 39 

and Luc-sur-Mer (north of Bayeux) over a period of several years. 40 
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Imposex and related effects of TBT (including óintersexô involving masculinised 1 

testicular tissue but no penis growth) have been recorded in many other prosobranchs 2 

including American mud snails Ilyanassa obsoleta (Bryan et al., 1989), European 3 

edible whelks Buccinum undatum (e.g. Ten Hallers-Tjabbes et al., 1994), periwinkles 4 

Littorina littorea (e.g. Matthiessen et al., 1995), spireshells Hydrobia ulvae (Schulte-5 

Oehlmann et al., 1997), Japanese rockshells Thais clavigera (e.g. Horiguchi et al., 6 

1998a) and Japanese giant abalone (Horiguchi et al., 2005). Prosobranch populations 7 

which were formerly found in many marine locations around the world, were locally 8 

extinguished or depressed by TBT. After the partial TBT bans in the mid-1980s, 9 

partial recovery of those species such as N. lapillus which lack a planktonic dispersal 10 

stage has been relatively slow, and many populations near large harbours are still 11 

returning to normal (e.g. Jorundsdottir et al., 2005). This 20-35 year impact of TBT 12 

on important rocky shore species almost certainly had secondary consequences for 13 

their prey or predators, but such impacts have only been recorded rarely (Spence, 14 

1989; Spence et al., 1990). 15 

4.1.2 Bivalves 16 

The endocrine disrupting effects of TBT on bivalve molluscs have not been 17 

researched as much as in prosobranchs. However, it seems likely that the collapse of 18 

native oyster Ostrea edulis populations in the UK and elsewhere was partly due to 19 

TBT, although other factors such as weather and parasitism also contributed. One of 20 

the largest O. edulis populations was in the Crouch estuary in the UK. The average 21 

population density in 1986 was only about 0.02-0.03 per m
2
 (Thain and Waldock, 22 

1986) but this had been 100 times higher in 1957 (2-3 per m
2
 =18.5 million 23 

individuals). The huge decrease in numbers between 1957 and 1986 was principally 24 

attributed to the harsh winter of 1962/63, but it is likely that the poor recovery by 25 

1986/87 was at least partly caused by TBT ï a few old adults were present in 1987 but 26 

were not breeding, and it is known that TBT interferes with breeding in this species. 27 

Experiments by Thain and Waldock (1986) clearly showed that TBT at concentrations 28 

that were once found in many estuaries (240 ng/l) halted differentiation into females 29 

and prevented release of larvae. This was supported by field observations. O. edulis 30 

only occurred ósporadicallyô in trawl surveys of the Crouch in 1987 (Rees et al., 31 

2001), and at the most contaminated Crouch station was still only found at 13 per 500 32 

m
2
 trawl in 1992 (= 0.03 per m

2
), although many of these individuals were young, 33 

indicating that breeding had resumed. However, oyster density had reached 110 per 34 

trawl at that same station by 1997 (= 0.22 per m
2
), a seven-fold increase. In other 35 

words, 10 years after most new inputs of TBT had ceased, partial recovery of the 36 

native oyster population had occurred. 37 

A more well-known effect of TBT on bivalves was the widespread appearance of 38 

shell-thickening in cultured Pacific oysters Crassostrea gigas. The best data are for 39 

the C. gigas fishery in Bassin dôArcachon near Bordeaux on Franceôs Atlantic coast 40 
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(Alzieu, 1991; 1998; 2001). The enclosed bay produced 10,000-15,000 tonnes of C. 1 

gigas annually in the 1970s and from the mid-1980s onwards, but the production 2 

grounds were surrounded by 19 marinas and other yacht mooring facilities where 3 

TBT began to be used in the early 1970s. From 1975 to 1982, the phenomenon of 4 

shell thickening and reduced deposition of larvae (spat) seriously damaged production 5 

which dropped to only 3000 t in 1981, and French scientists were the first in the world 6 

to link these phenomena with TBT. It is uncertain whether shell-thickening is a form 7 

of endocrine disruption, but the reduced larval production was probably caused by 8 

similar effects to those observed by Thain and Waldock (1986) in O. edulis. 9 

There are no field data which prove unequivocally that endocrine disruption by TBT 10 

has affected other bivalve populations. However, there is circumstantial evidence that 11 

populations of peppery furrow shell Scrobicularia plana in some estuaries have been 12 

damaged by TBT (Langston and Burt, 1991; Ruiz et al., 1995b). Furthermore, 13 

Minchin et al. (1987) showed that settlement of king scallop Pecten maximus and 14 

several other bivalves failed completely in the North Water of Mulroy Bay on the 15 

north coast of Ireland about 2 years after TBT was introduced as a treatment for 16 

salmon nets. P. maximus settlement recovered in 1986, the year after the use of TBT 17 

on salmon farm nets was stopped in Ireland. Estimated population size of P. maximus 18 

in North Water declined from 554,000 in 1980 to 171,000 in 1985, with the first three 19 

year classes being almost absent in 1985, so it appears that reduced settlement fed 20 

through to an effect on the population. This was associated with a TBT concentration 21 

of 0.75 µg/g wet wt. (as tributyltin oxide) in P. maximus tissue from North Water in 22 

1986. 23 

Additional circumstantial evidence for TBTôs effects in bivalves comes from studies 24 

of clams Mya arenaria in a TBT-contaminated part of the St. Lawrence estuary 25 

(Gagné et al., 2003; Siah et al., 2003). These showed that the sex ratio was 26 

significantly skewed towards males by comparison with two reference sites, gonado-27 

somatic index and progesterone titres were reduced, and sexual maturation was 28 

delayed. Furthermore, the presence of vitellin-like proteins in female gonads, and the 29 

capacity of females to produce E2, were both reduced in the TBT-contaminated area, 30 

indicating the existence of a masculinising influence. Somewhat similar effects have 31 

been observed in a mussel Mytilus edulis population near a naval dockyard (Hellou et 32 

al., 2003) which would have been a source of TBT, but it is uncertain whether 33 

organotins were the causative factor. 34 

Finally, observations of the benthos in the Crouch estuary, U.K., made after 1987 35 

when TBT was banned from use on small boats, showed a strong association between 36 

the decline of TBT contamination and an increase in abundance and diversity of the 37 

bivalve (and prosobranch) community (Rees et al. 1999, 2001; Waldock et al., 1999). 38 

There were also TBT-related changes in certain non-mollusc species (e.g. sea squirts), 39 

some of which might have been a secondary consequence of the impacts on molluscs. 40 
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In summary, organotins have done great damage to both prosobranch and bivalve 1 

populations around the world, and there seems little doubt that endocrine disrupting 2 

mechanisms are at least partly responsible. 3 

4.2 Effects of estrogens and their mimics 4 

Following the discovery of widespread feminisation of male fish by natural and 5 

synthetic estrogens (see Matthiessen 2006 for a review of the situation in the UK), 6 

there has been a search for analogous endocrine disruption in, inter alia, mollusc 7 

populations. Binelli et al. (2001; 2004) reported possible endocrine disruption in 8 

zebra mussels Dreissena polymorpha exposed in Pallanza Bay on Lake Maggiore to 9 

ppôDDT and its metabolites originating from a chemical factory on the River 10 

Marmazza. D. polymorpha from Pallanza Bay released their oocytes earlier than those 11 

from a nearby reference site, and 40% contained degenerating oocytes, compared with 12 

only 10% at the reference. Furthermore, the date of first sperm release from males 13 

was 2 months later than oocyte release in females, although mature sperm were 14 

present in the testes. These observations were associated with body burdens in the 15 

mussels of 1600 ng ppôDDE/g lipid, and ~100 ng opôDDT/g lipid, both of which DDT 16 

homologues are known to have estrogenic effects in fish. However, it is not certain 17 

that these effects occurred by an endocrine disrupting mechanism, and it should be 18 

noted that no abnormal ovotestis (i.e. oocytes in the testis of this normally 19 

gonochoristic [separate sexes] species) was observed. 20 

More recently, Chesman and Langston (2006) have reported the presence of male 21 

ovotestis in 17 out of 23 populations of the normally gonochoristic bivalve 22 

Scrobicularia plana in estuaries in southwest England. This mainly appears to occur 23 

in the summer months when gametogenesis takes place, and is accompanied by a sex 24 

ratio skewed towards females. Langston et al. (2007) confirmed these findings, and 25 

also showed that oocyte size increased in both females and ovotestis-containing males 26 

in areas where ovotestis prevalence was high (up to 60% of males showed ovotestis). 27 

There appeared to be an association between the occurrence of male ovotestis and the 28 

degree of human influence in a given estuary, but no analyses were conducted for 29 

EDCs, and some ovotestis was present even in estuaries considered to be relatively 30 

free of sewage and industrial discharges. However, experimental exposure of 31 

undifferentiated S. plana to estrogen-contaminated sediment for 1 month (followed by 32 

4 months recovery in a relatively uncontaminated estuary) produced 44% of males 33 

with ovotestis when they matured, compared to 0-8% in controls. Oocyte diameters 34 

were also increased in the exposed animals. The estrogens used were a mixture of E2 35 

and ethinylestradiol (EE2) (both at 100 µg/kg wet wt.) and nonyl- and octylphenol 36 

(NP and OP) (both at 1000 µg/kg wet wt.). These concentrations are rather high 37 

compared with those in most estuarine environments, implying the need for further 38 

experimental work with S. plana, but there seems little doubt that the effects 39 

described by Langston et al. (2007) are indeed a form of endocrine disruption. 40 
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Blaise et al. (1999) have identified that the clam Mya arenaria contains a vitellin-like 1 

protein that can be indirectly determined by measuring alkali-labile phosphate (ALP). 2 

The ALP is induced by injections of E2, NP or pentachlorophenol (PCP), and a 3 

survey of M. arenaria in the Saguenay Fjord, Quebec, showed significant variations 4 

in induction of ALP along the fjord. This was accompanied by delayed gametogenesis 5 

in the upper part of the fjord (Gauthier-Clerc et al., 2002), and it was hypothesised 6 

that there was a persistent dysfunction of vitellogenesis which may have been caused 7 

by anti-estrogens. Similar induction of vitellogenin-like protein, again in terms of 8 

ALP, has been observed more recently in clams (Tapes philippinarum and 9 

Cerastoderma glaucum) sampled from estrogen-contaminated areas near a sewage 10 

discharge in the Venice Lagoon (Matozzo and Marin, 2007). It was noted that the 11 

ALP response was greater in June (the pre-spawning period) than in January (the 12 

stage of early gametogenesis). 13 

Finally, Gagné and Blaise (2003) have shown that freshwater mussels Elliptio 14 

complanata held downstream of a municipal effluent discharge for 90 days 15 

experienced reduced serotonin and increased monoamine oxidase activities, both of 16 

which are involved in sexual differentiation. Similar effects could be induced by the 17 

injection of E2 or NP, suggesting that the estrogens and their mimics present in 18 

sewage effluent may be affecting reproduction in freshwater bivalves. 19 

There have been no other reports from the field of possible estrogenic endocrine 20 

disruption in molluscs. However, when the limited field data are compared with the 21 

experimental data described in section 5, it seems likely that estrogens are affecting 22 

wild molluscs in some places, and that these effects are a form of interference with the 23 

hormone system which remains to be fully explained. 24 

4.3 Summary of EDC effects in wild molluscs 25 

It is well-established that the organotins have caused widespread indirect androgenic 26 

effects in molluscs which have damaged populations of both prosobranchs and 27 

bivalves, and which are a form of endocrine disruption, although the precise mode(s) 28 

of action has not been completely clarified. These effects were not predicted by 29 

environmental risk assessment procedures, but revealed by field observations, and 30 

have been confirmed by laboratory-based experimentation (section 5). 31 

There is much less evidence for estrogenic effects in wild molluscs, although 32 

experimental studies suggest that such effects are likely. Unfortunately, modes of 33 

action of estrogens in molluscs are only speculative at present. However, the 34 

induction of male ovotestis in wild populations of the gonochoristic bivalve S. plana 35 

(Langston et al., 2007), and of ALP in wild clams living near estrogenic sewage 36 

discharges (Matozzo and Marin, 2007) seem to be a clear effects of this type. It 37 

appears likely that such effects may be associated with long-term interference with 38 

reproductive success if sufficiently severe, but data on this point are lacking. 39 

40 
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5 Experimental induction of endocrine disruption in molluscs 1 

Despite the evidence for endocrine disruption in wild molluscs caused by organotins 2 

and estrogens, experimental data are essential for its interpretation. This section 3 

therefore describes what is known about endocrine disruption in molluscs exposed to 4 

these EDCs under controlled conditions, and also includes an assessment of the more 5 

limited experimental data on other types of EDC. 6 

5.1 Organotins 7 

Organotins were discovered in the late 1950s to be powerful biocides. In the 1960s, 8 

substances like triphenyltin (TPT) became widely used as agricultural fungicides, and 9 

tributyltin (TBT) began to be used on boat hulls as an antifouling compound, and on 10 

timber as a preservative. They were found to be particularly acutely toxic to molluscs 11 

(Floch et al., 1964; Frick and Dejimenez, 1964; Ritchie et al., 1964, 1974; Deschiens 12 

et al., 1965, 1966; Hopf et al., 1967; Deschiens and Floch, 1968; Da Souza and 13 

Paulini, 1969; Chu, 1976; Smith et al., 1979), with short-term LC50 values in the 14 

range 10-300 µg/l, and longer-term lethality in the range 0.001-7.0 µg/l (Cardarelli, 15 

1973; Ritchie et al., 1974). Organotins such as bis (tri-n-butyltin) oxide consequently 16 

also entered use in the 1960s as molluscicides for the control of the aquatic snails 17 

which transmit bilharzia (schistosomiasis). 18 

The endocrine-disrupting properties of organotins in molluscs were only gradually 19 

discovered in the 1980s, and fully recognised in the 1990s (ACP, 1994; Fent, 1996; 20 

Matthiessen and Gibbs, 1998; Maguire, 2000). In particular, Bryan et al. (1987, 1988) 21 

showed that concentrations of TBT as low as 2.5 ng/l caused imposex in female 22 

dogwhelks Nucella lapillus, characterised by the growth of a penis and (in severe 23 

cases) blockage of the oviduct and death. Since then, similar effects (including the 24 

closely related phenomenon of intersex in littorinids ï Bauer et al., 1995; Matthiessen 25 

et al., 1995) have been induced by TBT-exposure in many other species of 26 

prosobranch mollusc (reviewed by Oehlmann et al., 2007). Furthermore, it appears 27 

that freshwater gastropods (and freshwater species in general) are less sensitive than 28 

their marine relatives (Leung et al., 2004; 2007). Although less research has been 29 

conducted on TPT, this also causes imposex in gastropods at similarly low 30 

concentrations to TBT (e.g. Horiguchi et al., 1997; Schulte-Oehlmann et al., 2000). 31 

Whether or not imposex or intersex occur as a result of organotin exposure in 32 

particular prosobranch species, the net result is generally manifested as reduced 33 

reproductive success, and it seems likely that these reproductive effects, which 34 

generally occur in the ng/l range, are all the result of endocrine disruption. TBTôs 35 

precise mode of endocrine disrupting action remains the subject of debate, and a 36 

discussion of this topic is given in section 3, but the fact that organotins interfere with 37 

prosobranch endocrine systems in one or more ways is well-established. 38 
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There is much less experimental evidence for organotin-induced endocrine disruption 1 

in bivalves, and little for such effects in other mollusc groups such as the 2 

cephalopods. Although Ortiz and Ré (2006) recently reported the first case of 3 

imposex in the Patagonian red octopus Enteroctopus megalocyathus, the authors 4 

decline to link the phenomenon to TBT-mediated endocrine disruption. Noting 5 

organotin sediment contamination of an industrial harbour in the Nuevo Gulf 6 

(Argentina) in the range of 4 µg TBT/kg and imposex incidences in gastropods of 7 

about 100 % in the cephalopod fishing area, one might conclude that TBT had also 8 

affected octopus in that area. However, the malformation was only seen in one out of 9 

185 females.  10 

It should, however, be noted that absence of evidence is not necessarily evidence of 11 

absence, given that prosobranchs have been studied far more intensely than other 12 

groups. There is no doubt that TBT at ng/l concentrations can damage reproduction in 13 

bivalves. The work of Thain and Waldock (1986) with Ostrea edulis, already cited in 14 

section 4, showed that TBT exposure at 240 ng/l for 74 days prevented larval release 15 

and eliminated animals in the female phase. A higher concentration (2620 ng/l) 16 

almost prevented sexual differentiation and shell growth. Similarly, Ruiz et al. (1995 17 

a & b) showed that TBT at 250 ng Sn/l produced a significant reduction in the 18 

production of embryos by adult Scrobicularia plana, and 50-125 ng Sn/l prevented 19 

and/or damaged shell growth of the larvae. Work in Japan has also shown that 20 

exposure of pearl oyster Pinctada fucata and Manila clam Ruditapes philippinarum 21 

adults to ng/l concentrations of TBT for 1-3 weeks causes abnormal larval 22 

development (Inoue et al., 2004, 2006). 23 

It is possible that these effects of TBT on the reproduction of bivalves are not related 24 

to endocrine disruption. However, several studies have shown that exposure of 25 

bivalves to TBT causes steroid hormone imbalances which might be implicated in 26 

damaged reproduction. For example, 7 day exposures of clams Ruditapes decussata to 27 

TBT at concentrations between 100 and 2270 ng Sn/l produced a significant increase 28 

in testosterone titres (Morcillo et al., 1998). This was associated with a reduced ability 29 

of the cytochrome P450 enzyme system in digestive gland microsomes to metabolise 30 

testosterone to estrone and estradiol. In related work, Morcillo and Porte (2000) 31 

transplanted R. decussata to a TBT-contaminated location for 5 weeks and observed a 32 

33% increase in testosterone titres and a 5-fold decrease in estradiol titres. Similar 33 

changes in sex hormones have been observed in another species of TBT-exposed clam 34 

Meretrix meretrix (Wang et al., 2005). 35 

In summary, laboratory exposures of various molluscs to TBT have been able to 36 

mimic effects seen in the field in areas of TBT contamination, ranging from induction 37 

of biomarkers (e.g. imposex) to impacts on reproduction. Although TBTôs mode of 38 

action on molluscs is still unclear, it appears well-established that these effects are the 39 

result of a form of endocrine disruption. 40 
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5.2 Estrogens and their mimics 1 

A number of laboratory studies have shown that estrogens and their mimics are 2 

capable of interfering with mollusc reproduction. Many of these have been reviewed 3 

by Rotchell and Ostrander (2003), Oetken et al. (2004), Porte et al. (2006), Croll and 4 

Wang (2007), Lagadic et al. (2007), Weltje and Schulte-Oehlmann (2007), and 5 

Oehlmann et al. (2007), so only a summary of this information is given below. 6 

One of the earliest studies was that of Mori et al. (1969) who showed that if oysters 7 

Crassostrea gigas are injected with E2 at early stages of maturation, they can be 8 

induced to change sex from male to female. Furthermore, Varaksina and Varaksin 9 

(1991), Varaksina et al. (1992) and Wang and Croll (2004) have shown that injecting 10 

scallops with E2 (and other steroids) at later developmental stages can stimulate both 11 

oogenesis and spermatogenesis, and can lead to increased gonad weight and larger 12 

oocytes. 13 

In the present context, the most interesting work has involved reproduction 14 

experiments with various molluscs exposed via the ambient water to estrogens, 15 

androgens and anti-androgens. One of the first of these was conducted by Oehlmann 16 

et al. (2000) who treated the freshwater prosobranch Marisa cornuarietis and the 17 

marine prosobranch Nucella lapillus with the weak estrogen mimics bisphenol A 18 

(BPA) and octylphenol (OP) at concentrations between 1 and 100 µg/l for up to 12 19 

months in life-cycle tests (M. cornuarietis) and 3 months in tests with adults (N. 20 

lapillus). In both species, so-called ósuper-femalesô were induced, characterised by 21 

enlarged sex organs and stimulation of oocyte production. Effects were reported to be 22 

statistically significant at the lowest concentration tested (1 µg/l). Further work with 23 

M. cornuarietis (Oehlmann et al., 2006) derived a no-observed-effect-concentration 24 

(NOEC) for super-female induction of 7.9 ng BPA/l, clearly a high level of potency 25 

for a so-called weak estrogen. The effect was temperature-dependent (greater at lower 26 

temperatures), and could be completely eliminated by co-exposure to estrogen-27 

antagonists, indicating that BPA was probably acting as an estrogen receptor agonist. 28 

These results were subsequently disputed (Forbes et al., 2007a & b), but the repeat 29 

studies reported by Forbes and her co-workers did not precisely replicate the test 30 

conditions used by Oehlmann and his team. The degree of estrogenicity shown by 31 

BPA in prosobranchs is therefore still open to question, although the super-female 32 

phenomenon itself seems to be genuine, as similar effects have also been seen by 33 

other research groups in other species (see below). Perhaps the most important lesson 34 

to be learned from these conflicting results is the profound influence of test conditions 35 

(particularly temperature) in experiments of this type, an issue which must be taken 36 

seriously if OECD is to develop long-term test guidelines with molluscs. 37 

The stimulation of reproductive output by estrogen exposure reported by Oehlmann et 38 

al. (2000; 2006) for M. cornuarietis also occurs in another prosobranch, the 39 

parthenogenetic and ovoviviparous freshwater species Potamopyrgus antipodarum 40 
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(Duft et al., 2003b). In these experiments, the test organisms were exposed in spiked 1 

sediments to BPA and OP, and in both cases, the lowest-observed-effect-2 

concentration (LOEC) for an increase in the number of embryos after 8 weeks 3 

exposure was 1 µg/kg dry wt., the lowest concentration tested. NP was slightly less 4 

potent, with an 8 week LOEC of 10 µg/kg dry wt. EE2 was used at 30 µg/kg dry wt. 5 

as a positive estrogenic control, and also induced the production of additional 6 

embryos. Experiments with P. antipodarum have also been conducted where dosing 7 

was via the ambient water (Jobling et al., 2004). These revealed increased embryo 8 

production after 2-3 week exposures to EE2 (LOEC 1 ng/l), BPA (LOEC 1 µg/l), and 9 

OP (LOEC 5 µg/l). Similar effects were seen when P. antipodarum was exposed to 10 

dilutions of treated but estrogenic sewage effluent. Yet other experiments with EE2 11 

have been conducted with the freshwater pulmonate gastropod Lymnaea stagnalis, 12 

and in this species also, increased egg laying was observed at the (very high) 13 

concentration of 500 ng/l, together with reduced growth, delayed hatching and 14 

induction of a vitellin-like protein at concentrations down to 50 ng/l (Segner et al., 15 

2003). 16 

Recently, as-yet-unpublished experiments have been conducted in which populations 17 

of the hermaphroditic pulmonate Planorbarius corneus were exposed for 14 weeks to 18 

dilutions of an estrogenic sewage effluent in mesocosm enclosures and allowed to 19 

reproduce (Clarke et al., ES&T in press). Numbers of egg masses and egg weights 20 

were recorded every 2 weeks. There was a concentration-related and statistically 21 

significant increase in the cumulative numbers of egg masses produced per snail in 22 

undiluted and 50% effluent, an observation which is consistent with the effects 23 

produced by estrogens in M. cornuarietis, P. antipodarum, and L. stagnalis (see 24 

above). In a laboratory experiment, developmental mortality was seen in the F1 25 

offspring of P. corneus exposed for a year to a mixture of estrogenic hormones (EE2, 26 

E2 and E1) and estrogen hormone mimics (NP, OP and BPA) similar to that found in 27 

sewage effluent, and gametogenesis and successful reproduction was also disrupted in 28 

the survivors. Thus it seems that so-called super-feminisation should not be construed 29 

as a beneficial effect. 30 

Further evidence of the importance of test conditions is provided by recent 31 

unpublished experiments (Dr. Ed Routledge pers. comm., 2008) in which P. corneus 32 

adults were exposed to E2 at 100 ng/l for 26 days in either cool or warm conditions. 33 

E2 had no effect on egg production in the warm tanks, but in the cool tanks, egg 34 

production was slowed in the controls and restored to normal in the exposed snails. In 35 

other words, seasonal changes in temperature, or simply poor control of test 36 

conditions, can have a major influence on the responses of gastropods to an estrogen. 37 

It is noteworthy that in several of the experiments described above, the dose-response 38 

curves were in the shape of an inverted óUô, with no effects at low concentrations, 39 

excess embryos produced at intermediate concentrations, and embryo production 40 
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being inhibited at higher concentrations. This type of non-linear response will also 1 

have to be accounted for when designing test guidelines. 2 

Few full life-cycle tests with gastropod molluscs exposed to estrogens have yet been 3 

conducted. However, Czech et al. (2001) exposed L. stagnalis for 7-12 weeks to NP, 4 

and although fecundity was decreased at 100 µg/l (NOEC 10 µg/l), no effects were 5 

seen in the F1 offspring. Czech et al. (2001) did not believe that the effect on 6 

fecundity was caused by endocrine disruption because there was severe 7 

histopathological damage to several tissues, indicating a deleterious effect on general 8 

health. 9 

Finally, few estrogen-exposure experiments have been conducted with bivalves in 10 

addition to those associated with field studies and described in section 4. Lavado et al. 11 

(2006) studied the effects of 3 week exposures of a mixture of crude oil and alkylated 12 

phenols (unspecified) on adult Mytilis edulis. This had clear effects on steroid 13 

metabolism, producing increases of esterified E2 and T in the gonads, and an increase 14 

in estradiol sulphotransferase activity. Nice et al. (2000) exposed oyster Crassostrea 15 

gigas embryos to NP for up to 72 hours, and showed that development towards the 16 

normal D-larval stage was delayed by all test concentrations down to 0.1 µg/l 17 

(unbounded LOEC), although the effect only persisted to 72 h at higher 18 

concentrations. 100 µg/l caused deformities of the D-larvae, but it is not known 19 

whether these effects were caused by endocrine disruption. Of more interest is the 20 

subsequent study (Nice et al., 2003), in which C. gigas D-larvae were exposed to NP 21 

for just 2 days, between days 7 and 8 post-fertilisation, and then allowed to mature 22 

under controlled, NP-free conditions for 10 months. 17% of the adults at the lowest 23 

test concentration (1 µg/l) were found to be fully functional hermaphrodites (i.e. self-24 

fertile), a highly unusual condition in this species, and the adult sex ratio was skewed 25 

towards females. Furthermore, the survival of the F1 offspring of the adults was very 26 

poor. It seems highly likely that the interference with sexual development, combined 27 

with the trans-generational effects, was caused by endocrine disruption. 28 

The data described in this section show that the reproduction of some molluscs is 29 

sensitive to estrogens and their mimics, in some cases at environmentally-relevant 30 

concentrations. This supports the limited data suggesting that estrogens may be 31 

affecting some mollusc species in the field. 32 

5.3 Androgens and their mimics 33 

Relatively little information is available about molluscan responses to EDCs which 34 

interact with the androgen receptor in vertebrates. As with the estrogen receptor, the 35 

presence and role of an androgen receptor in molluscs is still the subject of research. 36 

However, Tillmann et al. (2001) reported experiments with the prosobranchs M. 37 

cornuarietis, N. lapillus and Nassarius reticulatus exposed to the anti-androgens 38 

cyproterone acetate (1.25 mg/l) and vinclozolin (0.03-1.0 µg/l). In 5-12 month 39 



FINAL_DRAFT_DRP_V9 

 45 

experiments, it was shown that the anti-androgens significantly reduced penis and 1 

accessory male sex organ sizes, and were able to antagonise androgen-mediated 2 

responses such as imposex development. The direct effects of the anti-androgens were 3 

considered mild in comparison with the effects of the estrogen EE2, and the 4 

androgens TBT and methyltestosterone (MT). In the case of MT, 0.5 µg/l caused an 5 

enhancement of imposex intensity (as measured by the Vas Deferens Sequence Index, 6 

or VDSI) after 9 months exposure. On the other hand, life-cycle experiments with L. 7 

stagnalis exposed to the androgens ɓ-sitosterol (1-100 ng/l) and t-methyltestosterone 8 

(1-100 ng/l) revealed atrophy of the albumen gland, but there was no effect on 9 

fecundity, hatching rate, or fertility, and no effect on the F1 generation (Czech et al., 10 

2001). 11 

5.4 Others EDCs 12 

Almost nothing is known about the possible role in molluscs of EDCs other than 13 

organotins, and sex steroid-like xeno-estrogens and xeno-androgens. However, 14 

several endocrinologically-active tissues are present (e.g. nervous system, kidney and 15 

midgut gland ï see section 3), and these may well be responsive to other modes of 16 

disruption. One of the few studies to investigate this issue (Frouin et al., 2007) studied 17 

the effects of dietary and sediment-associated polycyclic aromatic hydrocarbons 18 

(PAH) on clams Mya arenaria. These 30 day exposures produced a variety of effects 19 

including immune suppression (reduced phagocytosis) and oxidative stress (lipid 20 

peroxidation), and resulted in delayed gametogenesis in both sexes. It was suspected 21 

that this effect resulted at least partially from the oxidative stress which may have 22 

damaged steroid (corticoid hormone?)-synthesising cells, although no direct evidence 23 

for this was presented. 24 

5.5 Summary 25 

There is good evidence that both organotins and estrogens at ng/l concentrations are 26 

able to interfere with normal reproduction in prosobranchs and bivalves, and these 27 

effects have been associated with imbalances in steroid hormones, although the 28 

precise mode(s) of action are not fully understood (see section 3). There is more 29 

limited evidence for the impact of androgen-receptor agonists and antagonists on 30 

sexual development and reproduction in some molluscs. Finally, there is weak 31 

evidence that some polycyclic aromatic hydrocarbons (PAH) may be able to cause 32 

delays in gametogenesis through damaged steroid metabolism. 33 

When these experimental data are considered together with field observations in both 34 

prosobranchs and bivalves (section 4), it is apparent that they help to explain many of 35 

the presumed impacts of organotins and estrogens on mollusc populations that have 36 

been reported. Overall, there is virtually no doubt that endocrine disruption occurs in 37 

some molluscs, and that it is able to damage reproduction and even cause population 38 

declines. 39 
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It will be apparent that there is considerable experience in conducting partial life cycle 1 

reproduction experiments with prosobranchs and bivalves exposed to EDCs, and more 2 

limited experience with full life cycle experiments. In some cases, the test organisms 3 

are capable of being cultured in the laboratory, while other test species at present have 4 

to be collected from the field. There is thus a good database of information and pool 5 

of expertise from which standardised test protocols can be drawn. This issue will be 6 

considered in detail in sections 6 and 7. 7 

8 
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6 Experimental design considerations 1 

6.1 Exposure duration 2 

A general assumption in ecotoxicology is that the intensity of biological effects 3 

caused by a chemical is a function of the exposure level (i.e. concentration of the 4 

chemical) and the exposure time (i.e. duration of the test). Consequently, an increased 5 

exposure time should result in appearance of effects at lower concentrations (OECD, 6 

2008). Therefore, full life cycle (FLC) testing of a chemical will potentially produce 7 

effects at lower concentrations compared to a partial life cycle (PLC) test with the 8 

same species. However, this supposed advantage is counterbalanced by a number of 9 

other factors. These are presented in section 6.1.1 before general aspects of PLC and 10 

FLC tests with molluscs are discussed in sections 6.1.2 and 6.1.3. Candidate PLC and 11 

FLC tests methods with molluscs are outlined in section 7. 12 

6.1.1 Strength and weaknesses of partial versus full life cycle tests 13 

Because endogenous hormones regulate various physiological functions during 14 

development, growth and reproduction, EDCs can interfere with processes like sexual 15 

differentiation and maturation, reproduction (including gametogenesis and 16 

fertilisation), embryonic development, juvenile growth and aging. The chances of 17 

identifying the potential impact of a test compound on one of these processes increase 18 

with the number of sensitive or critical phases and the number of endpoints being 19 

considered in the test design. For fish it has been shown that the toxicity of a 20 

significant number of organic chemicals and metals tested in FLC studies could not be 21 

predicted from the results of an early life stage exposure (reviewed in OECD, 2008). 22 

As there is clearly less experience with FLC tests in molluscs, the relevance of these 23 

findings for this invertebrate group cannot be judged reliably but the assumption is 24 

convincing from a theoretical point of view. However, the few experimental examples 25 

allowing a direct comparison of the sensitivity of molluscs to EDCs in PLC and FLC 26 

tests provide conflicting results (cf. section 7.2.2). 27 

The majority of PLC studies with molluscs expose reproducing adults. This part of the 28 

life cycle is not only considered to be particularly sensitive to EDCs but any changes 29 

in reproductive output will have direct population level consequences. Furthermore, 30 

fecundity parameters like the number of produced clutches, eggs or embryos are 31 

comparatively easy to measure. The main strength of PLC tests is the reduced time to 32 

conduct the test compared with an FLC test with the same species. This also reduces 33 

the costs and especially the danger of losing the organisms to disease before the 34 

experiment is terminated, of technical failures resulting in a die off of test organisms, 35 

and of interrupted or decreasing exposure which can also be caused due to excessive 36 

degradation of the test compound by microbial growth. These disadvantages of FLC 37 

studies can at least in part be compensated by choosing faster maturing species which 38 
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reduces study duration. Nevertheless it can be argued that such species might also be 1 

less sensitive than molluscs with a longer generation time. Because the exposure 2 

duration of a study is a compromise between the time necessary to elicit an effect and 3 

the appropriate duration to control costs and reduce the danger of system failures, 4 

PLC studies should not be disregarded per se as long as they prove to be sensitive 5 

enough for the identification and hazard assessment of EDCs. 6 

The obvious weakness of PLC studies is that they do not expose all life stages. 7 

Therefore, these tests do not provide data on potential effects if the most sensitive part 8 

of the life cycle is excluded or if there is a concern about trans-generational effects 9 

which can only be identified in FLC or even multigeneration exposures. In contrast, 10 

an FLC design ensures that all life stages are exposed and that concentrations causing 11 

effects at the population level can be predicted with higher probability. 12 

As discussed in section 2.1, the development and validation of new toxicity testing 13 

guidelines with molluscs focuses on Level 5 of the Conceptual Framework for the 14 

Testing and Assessment of Endocrine Disrupting Chemicals (Gourmelon and 15 

Ahtiainen, 2007; OECD, 2004a). This requires apical in vivo tests sensitive to both 16 

endocrine and non-endocrine mechanisms which are suitable for use in risk 17 

assessment. Although these tests will not necessarily be specific for EDCs or a 18 

particular MOA, they have the potential to include histopathological endpoints and 19 

biomarkers to examine: 20 

¶ whether the observed effect of the test compounds is a result of its general 21 

toxicity or due to a more specific and potentially endocrine mechanism and 22 

¶ whether fecundity alterations are associated with histological changes in the 23 

gonads. 24 

6.1.2 Partial life cycle (PLC) tests 25 

PLC studies can be performed with adult, sexually mature molluscs covering the 26 

period of reproduction or are initiated with fertilised eggs, embryos or juveniles 27 

covering the period until sexual maturity and measuring various developmental 28 

endpoints (cf. section 7.2.1). There are less examples of the latter approach (e.g. 29 

Tillmann et al., 2001; Nice et al., 2003) so that the focus here will be on PLC designs 30 

with sexually mature molluscs. 31 

The 'reproduction test' as the most commonly used type of PLC study with molluscs 32 

assesses the reproductive output or fecundity of exposed adults by counting the 33 

number of produced clutches and eggs or embryos (e.g. Oehlmann et al., 2000, 2006; 34 

Schulte-Oehlmann et al., 2000; Jumel et al., 2002; Duft et al., 2003a & b, 2007; 35 

Jobling et al., 2004; Mazurová et al., 2008; Schmitt et al., 2008). Although for 36 

pragmatic reasons there is a certain interest to minimise test duration, the exposure 37 

period should be several weeks to ensure that it covers gametogenesis and spawning 38 

(in oviparous species: majority of gastropods and bivalves) or embryo development 39 
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(in ovoviviparous species, e.g. Potamopyrgus antipodarum and Viviparus viviparus). 1 

It has to be considered that female neogastropods, mainly a marine group, have in 2 

particular developed specialised sections in the oviduct during evolution to store and 3 

nourish sperm after copulation for a period of weeks to months (Fretter and Graham, 4 

1962). This characteristic limits their use in reproduction tests because potential 5 

effects of test chemicals on spermatogenesis cannot be identified except by 6 

histopathological testis analyses or if the exposure starts with sub-adults that are still 7 

sexually immature. 8 

An ideal test species for a reproduction test should exhibit a steady reproductive 9 

output throughout the year. However, most molluscs from temperate zones and even 10 

some (sub-)tropical species are seasonally reproductive. The seasonal pattern is 11 

synchronised by external triggers, with day length and temperature (mostly 12 

continuous season-related changes in temperate species and fast declines in tropical 13 

and subtropical molluscs indicating the beginning of the rainy season) being the most 14 

important. Even under controlled conditions in the laboratory without external 15 

triggering, molluscs may retain a seasonal pattern in reproduction over long time 16 

periods. For obvious reasons, molluscs with one single or several consecutive 17 

spawning periods, typically in spring/early summer, followed by complete sexual 18 

repose for the rest of the year (e.g. most marine neogastropods and bivalves), are of 19 

limited practical relevance for this type of test. Although the candidate species for 20 

PLC and FLC tests presented in section 7 do exhibit a seasonal reproductive pattern 21 

with a phase of higher output, they never cease to reproduce during the rest of the 22 

year and can therefore be used in reproduction tests. Even for Crassostrea gigas, 23 

spawning throughout the year can be achieved at water temperatures around 19°C 24 

(Fabioux et al., 2005). However, seasonally varying fecundity has to be taken into 25 

account when interpreting the results of tests with EDCs. 26 

The current candidate protocol for the PLC test with P. antipodarum in section 27 

7.2.1considers a test duration of 8 weeks (56 days) with an analysis of snails after 28 28 

days and at the end of the experiment. Further investigations will have to address the 29 

question of whether the exposure period can be reduced to 4 weeks without 30 

substantial loss of test sensitivity (Duft et al., 2007; Gourmelon and Ahtiainen, 2007). 31 

One probable strategy could be the additional assessment of the number of released 32 

young snails during the exposure period plus the number of embryos in the brood 33 

pouch of females after 28 days. Zinßmeister (2006) studied different media regarding 34 

their suitability to incubate Potamopyrgus embryos outside the maternal organism and 35 

indicated an average development time of 21 days for the embryos at l6°C. A shell 36 

was first visible on day 8. Based on these results a reduced exposure time of 4 weeks 37 

seems to be feasible for the PLC test with P. antipodarum because it still guarantees 38 

that all embryos found in the brood pouch at the end of the test will have developed ex 39 

ovo under exposure to the test chemical. 40 
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Additionally to fecundity, further parameters can be measured during PLC tests, e.g. 1 

gonad histopathology or vitellin induction (cf. section 7.2.3). These are clearly not 2 

essential but may help to resolve the potential MoA of the test compound, although it 3 

should be emphasised that the MoA of EDCs have not yet been definitively 4 

established in any molluscs. 5 

6.1.3 Full life cycle (FLC) tests 6 

Ecotoxicological FLC studies with molluscs have been conducted with only few 7 

species so far, including the prosobranch snail Marisa cornuarietis (Oehlmann et al., 8 

2000), the pulmonate Lymnaea stagnalis (Czech et al., 2001) and the oyster 9 

Crassostrea gigas (Nice et al., 2003). Despite the limited experience with these tests, 10 

Lymnaea has been widely used for short term and chronic ecotoxicological testing and 11 

Crassostrea is an important aquaculture species so that favourable conditions for 12 

growth and reproduction are well known and promising candidate protocols can be 13 

proposed for both species (cf. section 7.4). In contrast, M. cornuarietis is 14 

characterised by a number of disadvantages (Duft et al., 2007) so that this species 15 

seems to be less suited for a standardised FLC test. 16 

The proposed protocols for L. stagnalis and C. gigas cover exposure periods of 31 17 

weeks (217 days) and 40 weeks (280 days), respectively. Such time scales are 18 

challenging and logistically complex for many laboratories because long-term 19 

maintenance of exposure systems requires extensive experience that is not widely 20 

available. Furthermore, test conditions specified in detail in section 7 have been 21 

derived by combining information from a number of publications on short-term tests 22 

with both species. Therefore, the feasibility of the FLC protocols should be 23 

demonstrated before any validation exercises. 24 

A further aspect to be investigated is the potential extension of the existing PLC 25 

protocol with P. antipodarum to an FLC test design. Given that the time to reach 26 

sexual maturity is 3 months in this species, the FLC test would require a duration of 27 

20 weeks if the exposure of adults in the F0 and F1 generation can be limited to 4 28 

weeks as discussed above. Otherwise, the test would require 28 weeks. 29 

6.2 Possible periods of exposure during development 30 

Comparably to fish (cf. OECD, 2008), life histories of molluscs can be broadly 31 

divided into two ontogenic groupings: those with an 'indirect' development and those 32 

with 'direct' development. Although this distinction is questionable from a scientific 33 

point of view (Fioroni, 1992), it is helpful for addressing ecotoxicologically relevant 34 

differences. Molluscs with an 'indirect' development are typically oviparous and 35 

exhibit five distinct life history periods: embryonic, larval, juvenile, adult, and 36 

senescent. The larval period is not necessarily a free-swimming, planktonic phase of 37 

the life cycle (like in most bivalves) but can also be passed sheltered as a 38 
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developmental phase in the developing egg (e.g. in the vast majority of freshwater 1 

gastropods and most marine snails in temperate zones) which is often surrounded by a 2 

gelatinous mass (egg mass, clutch) or solid egg capsule. The so-called 'direct' 3 

development trait in molluscs can be found in the rare cases of ovoviviparous species 4 

such as Viviparus viviparus and Potamopyrgus antipodarum, one of the candidate 5 

species for a PLC test. These species are characterised by four life history periods: 6 

embryonic, juvenile, adult, and senescent. The larval period is not missing in the strict 7 

sense but integrated into the embryonic period. The embryo develops within the egg 8 

shell in the maternal organism so that test chemicals might be less bioavailable for the 9 

developing embryo in ovoviviparous species compared to the embryonic and larval 10 

phases in oviparous molluscs. 11 

Molluscs exhibit multiple reproductive modes, like simultaneous and consecutive 12 

hermaphroditism (mostly protandric with sex change from male to female; more 13 

rarely protogynic with sex change from female to male), gonochory and 14 

parthenogenesis, each of them combined with semelparity (individuals reproduce only 15 

once during their lifetime) or iteroparity (individuals reproduce several times 16 

throughout their life). This allows the assessment of contaminant effects on a broad 17 

variety of reproductive strategies (Oehlmann and Schulte-Oehlmann, 2003b). 18 

Furthermore, molluscs exhibit a large range of life cycle strategies, especially with 19 

respect to longevity. While the majority of cephalopods, marine opisthobranch snails 20 

and most of freshwater and terrestrial gastropods are short-lived species with a 21 

maximum life span of more or less one year, the marine prosobranch snails and many 22 

bivalves are long-lived so that they can integrate contamination of their environment 23 

over long periods. Approximately 40% of the marine bivalve species and more than 24 

20% of the marine prosobranchs attain maximum ages of more than 14 years 25 

according to Heller (1990). For single species even longer life spans have been 26 

reported, like for example more than 50 years for the abalone Haliotis cracherodii 27 

(Powell and Cummins, 1985) and more than 100 years for some marine (220 years for 28 

Arctica islandica according to Jones, 1983) and freshwater bivalves (116 years for 29 

Margaritifera margaritifera according to Bauer, 1987). 30 

All test species being considered in this review are comparatively long-lived with a 31 

life span of at least two years but represent different reproductive modes. P. 32 

antipodarum, the candidate species for the PLC test is ovoviviparous (i.e. 'direct' 33 

developing) and parthenogenetic. Males have only been observed very rarely in 34 

Europe in the field (Wallace, 1979; Ponder, 1988) and laboratory populations used for 35 

ecotoxicity testing consist exclusively of females (Duft et al., 2007). The two 36 

candidate species for FLC tests, L. stagnalis and C. gigas are both oviparous (i.e. 37 

'indirect' developing) hermaphrodites. Lymnaea is a simultaneous hermaphrodite 38 

although with a tendency to protandry (in the ovotestis, sperm are produced earlier 39 

than oocytes) and an in ovo larval development while Crassostrea is a consecutive 40 
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protandric hermaphrodite with a free-swimming larval phase (for details cf. section 1 

7.4). 2 

Although it can be argued from a theoretical point of view that earlier life stages are 3 

more susceptible and sensitive to chemicals in general and EDCs in particular, the 4 

available evidence for this assumption in molluscs is limited to a few cases. 5 

Dregolskaya (1993) investigated the effects of chemical exposure on early life stages 6 

in L. stagnalis and the prosobranch snail Bithynia tentaculata. In both molluscs, the 7 

most vulnerable development stage was the last one before metamorphosis, when the 8 

protonephridium was reduced and a definitive kidney had not yet been built up. Bauer 9 

et al. (1997) have shown that the ability of TBT to induce intersex in the periwinkle 10 

Littorina littorea decreases with increasing age of the test organisms. Even exposure 11 

to very high TBT concentrations will not result in intersex development once female 12 

snails have reached sexual maturity. Also for a number of imposex-affected 13 

neogastropods like Nucella lapillus and Ocenebra erinacea a decreasing TBT 14 

sensitivity has been described (for review: Bryan and Gibbs, 1991) but in contrast to 15 

Littorina, adult and sexually mature females also preserve their ability to develop 16 

male sex organs under TBT exposure. Other studies, as discussed in section 7.2.2 with 17 

the examples of Czech et al. (2001) and Leung et al. (2007) for effects of TBT in L. 18 

stagnalis and Oehlmann et al. (2000) for effects of bisphenol A and octylphenol in M. 19 

cornuarietis, found little evidence for a higher sensitivity of earlier life stages in FLC 20 

tests. 21 

The knowledge about susceptible life history periods for EDC-induced effects in 22 

molluscs is too fragmentary to come to any final conclusions. However, it is worth 23 

mentioning that all reports on chemically-induced sex change in molluscs are based 24 

on experiments with an exposure of animals from early life stages (embryonic, larval 25 

or juvenile) through adulthood (Gibbs et al., 1988; Nice et al., 2003; Langston et al., 26 

2007). This shows that developmental timing of exposure is critical and important at 27 

least if sexual differentiation is considered as a test endpoint. Although this 28 

observation reinforces the view that PLC tests may run the risk of not exposing the 29 

most sensitive life stage it has also to be emphasised that in the PLC test candidate 30 

species, P. antipodarum, females occur exclusively and the ovoviviparous mode of 31 

reproduction probably reduces the possibilities of exposing early life stages during 32 

development in the maternal organism. 33 

6.3 Routes of dosing 34 

6.3.1 Water 35 

Exposure via the water phase is the most common route of dosing in EDC studies 36 

with molluscs. In section 7 suitable exposure media for the candidate test species are 37 

proposed. Exposure or effect concentrations in the water phase from such tests can be 38 

directly correlated with the exposure level of field populations for risk assessment 39 
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purposes, particularly because concentrations of chemicals can more easily be 1 

measured in the water and thus the database for aqueous concentrations is broader 2 

compared to those for concentrations in sediments or biota. 3 

Application techniques for water exposures are well developed and established in 4 

many laboratories worldwide, either as semi-static (= renewal) or as flow-through 5 

systems. Because it is difficult to maintain a constant exposure concentration for 6 

readily biodegradable substances in semi-static experiments, the use of flow-through 7 

systems may be advantageous. The main drawback of flow-through testing is the 8 

higher instrumental effort, the increased risk of technical failure especially during 9 

experimental periods of several weeks or even months, and the higher probability that 10 

nonpolar test compounds in particular can be adsorbed by tubing and pump material. 11 

Therefore, a clear steer as to whether a flow-through design is the more appropriate 12 

for EDC testing with molluscs cannot be given. A decision should be reached mainly 13 

depending on the stability of the test compound: semi-static systems are advantageous 14 

if the compound is sufficiently stable during the renewal cycles of exposure media, 15 

otherwise a flow-through design should be envisaged if the renewal time cannot be 16 

further reduced. 17 

Although the use of organic solvents should be avoided, it might be necessary to 18 

solubilize the test substance in the water and maintain it in solution, especially if 19 

nonpolar, poorly water-soluble substances are tested. This requires the inclusion of an 20 

additional solvent control in the test design. Solvents have to be chosen by the 21 

chemical properties of the substance. Recommended solvents according to OECD 22 

(2000) include acetone, dimethyl sulfoxide (DMSO), ethanol, methanol, tertiary-butyl 23 

alcohol, acetonitrile, dimethyl-formamide and triethylene glycol. However, these 24 

solvents were mainly recommended on the basis of short term toxicity tests with 25 

species other than molluscs so that further investigations will have to address the 26 

question of their toxicity to the candidate test species, including potential endocrine 27 

disrupting properties. 28 

For obvious reasons an ideal organic solvent should not be toxic to the test organisms 29 

and not readily biodegradable, limiting its use as a carbon source for microorganisms 30 

and consequent bacterial growth in the test system, which would increase 31 

maintenance time during the exposure and may favour the degradation of the test 32 

substance. According to OECD (2000), the maximum allowable concentration for 33 

solvents is 1/10
th
 of the NOEC or alternatively 100 mg/L (respectively 100 µL/L) if 34 

no toxicity data are available. While the OECD recommendation of a maximum 35 

solvent concentrations of 100 mg/L is supported by historical data, Hutchinson et al. 36 

(2006) report that some solvents may affect the reproduction of certain fish species, 37 

and also impact biomarkers of endocrine disruption. The authors recommend that 38 

maximum effort should be given to avoiding the use of carrier solvents wherever 39 

possible (e.g. by using saturation columns or other physical methods like stirring or 40 

ultrasonification). Where solvent use is necessary, however, they recommend that in 41 
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reproduction studies with aquatic organisms, the maximum solvent concentration 1 

should not exceed 20 µL/L in the exposure medium. 2 

The physico-chemical properties and aquatic toxicity of a range of solvents have also 3 

been reviewed by ECETOC (1996) and Rufli et al. (1998). There are no studies 4 

available which investigate the toxicity of solvents in molluscs systematically, 5 

however, in most of the published studies (reviewed in Lagadic et al., 2007 and 6 

Oehlmann et al., 2007 for pulmonate and prosobranch snails, respectively) ethanol has 7 

been used. In long-term experiments ethanol and other solvents such as acetone and 8 

methanol can be problematic due to substantial growth of bacteria in test vessels and 9 

tubing with resulting impact on the health status of the test organisms and the stability 10 

of the test compound. DMSO has been used by Schirling et al. (2006) in experiments 11 

with Marisa cornuarietis embryos and also in a number of yet unpublished 12 

experiments with Potamopyrgus antipodarum at the University of Frankfurt. This 13 

solvent had no effect on the tested endpoints at a concentration of 100 µL/L and did 14 

not cause growth of bacteria or biofilms in the test vessels. 15 

Problems may also arise in testing of volatile, coloured or photolabile substances. 16 

Helpful guidance on testing of such substances is provided by OECD (2000) and 17 

ECETOC (2003). 18 

6.3.2 Sediments 19 

Many molluscs, including the species for which candidate test protocols are proposed 20 

in section 7, are benthic organisms living in close contact with the sediment. 21 

Sediments may act as both a sink for chemicals through sorption of contaminants to 22 

particulate matter, and a source of chemicals through resuspension. Sediments 23 

integrate the effects of surface water contamination over time and space, and may thus 24 

present a hazard to aquatic communities (both pelagic and benthic) which is not 25 

directly predictable from concentrations in the water column (EC, 2003). Especially 26 

for substances that are potentially capable of depositing on or sorbing to sediments to 27 

a significant extent, the toxicity to sediment-dwelling organisms has to be assessed. 28 

To avoid extensive testing of chemicals EC (2003) proposes a trigger value of log 29 

KOC or log KOW of Ó 3 for the conduct of sediment tests for sediment effects 30 

assessment. 31 

Currently, there are limited toxicity data available for sediment dwelling organisms so 32 

that for risk assessment purposes the equilibrium partitioning method is often used to 33 

calculate the exposure to and hazard from chemicals in benthic organisms based on 34 

concentrations in the water phase (OECD, 1992). This approach suffers from various 35 

limitations and EC (2003) concludes that 'only whole-sediment tests using benthic 36 

organisms are suitable for a realistic risk assessment of the sediment compartment' 37 

because it is only possible by using such tests to adequately address all routes of 38 

exposure. Annex VI of EC (2003) summarises 8 sediment toxicity tests with 2 39 
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oligochaete, 2 insect, 3 amphipod and 1 nematode species with finalised international 1 

guidelines or guideline initiatives under development. One of the mollusc species 2 

proposed in section 7, the mudsnail Potamopyrgus antipodarum, has already been 3 

used for sediment tests (e.g. Duft et al., 2003a-c; Oetken et al., 2005; Mazurova et al., 4 

2008; Schmitt et al. 2008) and a standard operating procedure for this purpose is 5 

available (Duft et al., 2007). 6 

Artificial sediment (cf. section 7.3 for details) should be used for testing of chemicals 7 

because uncontaminated natural sediments may not be available in required quantities 8 

and test results may be influenced by indigenous organisms as well as 9 

micropollutants. 10 

Spiked sediments of the chosen concentration should be prepared by addition of a 11 

solution of the test substance directly to the sediment ('spiking'). A stock solution of 12 

the test substance dissolved in deionised water is mixed with the formulated sediment 13 

by rolling mill, feed mixer or hand mixing. If poorly soluble in water, the test 14 

substance can be dissolved: 15 

¶ either in as small a volume as possible of a suitable organic solvent (e.g. 16 

ethanol, acetone or ethyl acetate). This solution is then mixed with 10 g of fine 17 

quartz sand for one test vessel. After evaporation of the solvent the sand is 18 

mixed with the suitable amount of sediment per test beaker. 19 

¶ or alternatively in a larger volume of solvent (300 mL/kg sediment dw) to 20 

allow a complete soaking of the sediment and an equal distribution of the test 21 

compound in the sediment. 22 

In either case the solvent has to be evaporated before the sediment is covered with 23 

water and the test is started. Furthermore, a solvent control has to be included in the 24 

experimental design if an organic solvent was used. However, note that in sediment 25 

toxicity tests of this type, regular replacement of the spiked sediment should not be 26 

necessary. 27 

6.4 Dose selection 28 

For both PLC and FLC tests at least 5 concentrations with four replicates should be 29 

tested in a geometric series with a spacing factor between concentrations not 30 

exceeding 2.2. In the case of a non-monotonic concentration-response relationship 31 

(e.g. low dose effects or hormesis, cf. section 10.5) the consideration of additional 32 

treatments in the lower concentration range with a smaller spacing factor may be 33 

advisable. Furthermore a (negative) control, a positive control (e.g. 25 ng EE2/L for 34 

Potamopyrgus antipodarum when testing a suspected estrogen) and a solvent control 35 

(if appropriate) have to be considered for the test. Prior knowledge on the toxicity of 36 

the test substance (e.g. from range finding studies) should help in selecting 37 

appropriate test concentrations. For a range finding experiment three widely spaced 38 

treatment levels separated by up to an order of magnitude would be appropriate. The 39 
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highest concentration for the definitive test should be less than lethal and less than the 1 

water solubility of the test compound. At least one of the test concentrations should be 2 

below the predicted no-observed-effect level. 3 

If the stability of the substance in the test system has been established, exposure 4 

concentrations should be measured at regular intervals, depending on the exposure 5 

design. In semi-static (= renewal) systems where the concentration of the test 6 

substance is expected to remain within ± 20% of the nominal (i.e. within the range 80-7 

120%), it is recommended that, as a minimum, the highest and lowest test 8 

concentrations are analysed in samples from the same solution when freshly prepared 9 

and immediately before renewal (cf. OECD, 1998) in the first and last week of the 10 

experiment. For tests where the concentration of the test substance is not expected to 11 

remain within ± 20% of the nominal, it is necessary to analyse all test concentrations, 12 

when freshly prepared and at renewal. In all cases, determination of test substance 13 

concentrations prior to renewal need only be performed on one replicate vessel at 14 

each test concentration. For flow-through systems the measurement of 'old' solutions 15 

is not applicable. Instead it is advisable to increase the number of sampling occasions 16 

during the first week (e.g. three sets of measurements), followed by a further sample 17 

per treatment at weekly intervals thereafter. In these types of test, the flow-rate of 18 

water and test substance should be checked daily. 19 

If the concentration of the substance being tested has been satisfactorily maintained 20 

within ± 20% of the nominal or measured initial concentration throughout the test, 21 

then results can be based on nominal values. If the deviation is greater than ± 20%, 22 

results should be expressed in terms of the time-weighted mean (cf. annex 6 in 23 

OECD, 1998). 24 

When planning the test, it should be taken into consideration whether the aim is to 25 

determine the NOEC/LOEC (by use of ANOVA or comparable nonparametric tests) 26 

or ECX values (by use of (non )linear regression) (cf. section 6.5.5). 27 

6.5 Statistical considerations 28 

The objective of the PLC and FLC tests with molluscs is to provide the most 29 

ecologically-relevant, economic and statistically efficient estimate of toxicity for a 30 

given chemical, including apical endpoints under endocrine control. The selected tests 31 

and endpoints must be biologically sensitive with an acceptable exposure-associated 32 

variability during the test, and should be statistically powerful. The biological 33 

sensitivity is a function of the selected test species and analysed endpoints, and of the 34 

route, level and duration of exposure. It is furthermore influenced by the ecological 35 

relevance of the endpoints measured, i.e. their suitability to extrapolate effects from 36 

individuals to the community level and from the laboratory to the field condition. The 37 

sensitivity of the test is negatively correlated with its inherent variability (i.e. 38 

intraspecific variability between individuals) and design-associated variability (i.e. 39 
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dosing of chemicals, exposure route and duration, chemical stability and purity within 1 

the testing environment, testing protocol). 2 

Extensive discussion of the statistical analysis of ecotoxicity data is provided in 3 

OECD (2006). 4 

6.5.1 Controlling variability  5 

It is important to recognize that molluscs are characterised by a high inherent 6 

variability for many of the potential endpoints to be considered in PLC and FLC tests, 7 

including reproductive and developmental parameters. In particular, reproductive 8 

output (i.e. numbers of clutches and eggs or embryos produced) as an important 9 

endpoint of fecundity, varies considerably between species and even between 10 

individuals of the same species. It is, however, also important to notice that this 11 

inherent variability is a natural trait of almost all systematic groups in the animal 12 

kingdom, not limited to molluscs, and thus not a disturbing factor per se although it 13 

clearly affects the statistical power when analysing ecotoxicity data. This 14 

characteristic has to be taken into account rather than attempting to reduce the natural 15 

variability by choosing test species with less inherent variability. Although the latter 16 

strategy might be advantageous at first glance it is questionable whether such species 17 

are representative of their taxonomic group. In particular, it is considered important to 18 

measure reproduction and development in several randomly selected groups and to 19 

critically evaluate the question of defining the experimental unit in order to minimise 20 

the effects of inherent variability on statistical power. 21 

The design-associated variability is reduced by minimising the variability of the 22 

chemical purity of the test compound and of exposure levels (i.e. test concentrations) 23 

through the duration of the test. Both aspects can be controlled by appropriate 24 

chemical analyses of exposure media (water and sediments, cf. section 6.4). The use 25 

of test species with shorter life cycles may reduce the required time for PLC and FLC 26 

studies and by default reduces the design-associated variability in the exposure. 27 

However, it has to be considered that such r-strategists are usually characterised by a 28 

higher inter-individual variability because their life strategy allows them to deal with 29 

rapid changes of environmental conditions by responding to suitable conditions with a 30 

higher rate of reproduction. Again, the need for a high statistical power of the test and 31 

factors influencing its ecological relevance are conflicting, so that a reasonable 32 

balance between statistical and ecological requirements has to be found. 33 

The experimental design should consider randomness, independence, and replication 34 

(Cochran and Cox, 1992). Randomness and independence are used to remove bias, 35 

and replication provides a measure of variability across similar test units within a 36 

treatment (Chapman et al., 1996a). Ideally, all three factors should be maximised from 37 

a statistical point of view, however, this is not possible for practical reasons 38 




